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ABSTRACT
Nutrient Uptake and Water Quality in Great Salt Lake Wetland Impoundments
by
Rachel L. Buck, Doctor of Philosophy
Utah State University, 2021

Major Professor: Dr. Michelle A. Baker
Department: Biology
Wetlands are unique ecosystems that provide many critical services. They are especially
suited to improve water quality by removing sediments, nutrients, and other contaminants
from water. The extent to which impounded wetlands surrounding the Great Salt Lake
(GSL), Utah, can process and remove nutrients remains unknown. However, basic
knowledge of wetland function suggests that this ecosystem service could be extensive.
However, global change threatens the capacity of wetland water quality functions. Higher
human populations and nutrient loading lead to eutrophication and regime shift from a
plant-dominated to a phytoplankton-dominated community. Methods to assess the quality
of wetland function, such as nutrient assimilative capacity and the factors affecting it,
will help inform the development of site-specific water quality standards. Our first
objective was to develop and test easy methods to evaluate nutrient (nitrogen (N) and
phosphorus (P)) assimilative capacity of impounded wetlands and understand the role of
environmental stressors in mediating this capacity. We hypothesized that key
environmental covariates affecting the rate of nutrient removal in wetlands include
salinity, ambient nutrient levels, and the presence of submerged aquatic vegetation
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(SAV). Treatments of increased salinity, altered ambient nutrient levels, and removal of
SAV were applied. Assimilative capacity was measured as the removal rate coefficient
following a pulse of nutrients (NO3 and PO4) added to the water column of each
mesocosm. We found no significant differences in nutrient removal rate constants among
treatments, suggesting these wetlands continue to uptake nutrients despite environmental
stressors. Next, to further evaluate the quality of and nutrient removal in GSL wetlands,
we performed extensive sampling to characterize the status of 18 wetland impoundments.
Assimilative capacity within each wetland was measured as described previously. In
addition, a multimetric index (MMI), an indicator of the biological quality of the wetland,
was used to assign condition classes to each wetland impoundment. We found that N
assimilation was inversely correlated with water depth and positively correlated with soil
% clay and total iron. Phosphorus assimilation was related to dissolved oxygen,
aluminum, and N and P concentrations within the water column and soil. Nutrient
assimilation did not differ among wetland condition classes. Finally, we determined
which nutrient limits phytoplankton growth (N or P or both), modeled phytoplankton
growth response to N and P additions, and characterized the response of the
bacterioplankton community to changes in N and P concentration in wetland
impoundments. Nutrients were applied on the first day of the incubation, and the
microcosms were incubated in place for three days. At the end of the incubation period,
the growth rate (µ) of phytoplankton under various nutrient levels was calculated. We
found that phytoplankton growth was limited by N. Picocyanobacteria was the most
abundant bacteria at both sites, and we saw a decrease in bacterioplankton evenness in
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treatments above 0.7 mg N L-1. These results support management efforts to minimize N
as well as P discharge to these sensitive wetlands.
(160 pages)
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PUBLIC ABSTRACT
Nutrient Uptake and Water Quality in Great Salt Lake Wetland Impoundments
Rachel L. Buck

The Great Salt Lake (GSL) is the largest inland body of water on the Pacific
flyway, a major pathway for migratory birds in the Americas that extends from Alaska to
Patagonia. The lake is surrounded by approximately 360,000 acres of wetlands, providing
critical food, shelter, cover, nesting areas, and protection to between 4–6 million birds
that visit each year. Impounded wetlands were created as part of the GSL ecosystem to
support waterfowl habitat. These large, shallow, submergent wetlands are diked to
control water levels to sustain aquatic plants which are an important food source. Besides
providing critical habitat, these impoundments also perform critical functions, including
water quality improvement. Wetlands improve water quality by removing sediments,
nutrients (nitrogen (N) and phosphorus (P)), and other contaminants from water. This
function is especially important because excessive N and P in waterbodies leads to algal
blooms which can be directly toxic or cause oxygen depletion and fish kills. However,
these wetlands are threatened by climate change and human impacts like water
diversions, excessive nutrient inputs, and invasive species. There is a critical need to
understand how these wetlands will be affected by environmental stressors, specifically
their capacity to assimilate nutrients and improve water quality. First, we tested a method
to measure nutrient assimilative capacity using mesocosms, intermediately-sized
enclosures where nutrient concentrations can be manipulated within a confined space. We
performed experimental perturbations within the mesocosms, to measure the change in
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nutrient assimilative capacity. Our treatments included aquatic plant removal, increasing
salt content, and altering the baseline phosphorus concentration. We found that nutrient
uptake was not different among the treatments, suggesting that wetlands are resistant to
change in this function with regard to the treatments measured. The next summer we
performed extensive sampling, including a nutrient assimilative capacity measurement, at
18 wetland impoundments along the eastern side of the Great Salt Lake. We classified the
health of these wetlands using multimetric indices (MMIs) that take into account
important biological features of the impoundments, including the amount of aquatic
vegetation, diversity of macroinvertebrates, and amount of algal mat cover. Contrary to
our hypothesis, we found that wetland quality (according to the MMI) was not related to
the amount of nutrient uptake measured within the mesocosms. We found that abiotic
variables including nutrient concentrations within the water column and soil, dissolved
oxygen, water depth, and soil texture were correlated with nutrient assimilation,
suggesting that they are important characteristics to measure for future research. Finally,
we wanted to assess nutrient limitation within the impoundments to control
phytoplankton growth. We performed a container study at two locations where we added
increasing amounts of N or P and compared them to the growth rate of phytoplankton.
We found that the locations we assessed are N limited, meaning that decreasing the
amount of N to the wetlands will decrease the amount of phytoplankton or algal growth.
Bacterial evenness or the relative abundance of the different species at both sites
decreased once the N concentration was higher than our calculated threshold. These
results support management efforts to minimize N and P discharge to these sensitive
wetlands.
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CHAPTER I. INTRODUCTION
Demand for increasing amounts of nitrogen (N) and phosphorus (P) to grow food
for a growing human population has resulted in a significant alteration of the N and P
cycles in air, land, and water at local, regional, and global scales (Galloway et al., 2004;
Glibert et al., 2014; Paerl et al., 2016). The release of excessive N and P to the
environment has potential adverse effects on both the ecology and health of ecosystems.
Many lakes, rivers, streams, estuaries, and coastal waters are overloaded with excessive
nutrients (McDowell et al., 2020). High concentrations of nitrate (NO3-), nitrite (NO2-),
and ammonia (NH3) can be directly toxic to aquatic biota (van den Berg & Ashmore,
2008). Moreover, N and P contribute to excessive algal growth and, ultimately, degraded
water quality and eutrophication. Increased algal biomass and aquatic plants can directly
impair water by interfering with habitat, recreation, agriculture, industry, and drinking
water quality (Carpenter et al., 1998; Vitousek et al., 1997). A current global mapping of
freshwater nutrient enrichment estimates that 31% of the global land area containing
catchments with large rivers has undesirable levels of periphyton growth (McDowell et
al., 2020). Additionally, the eventual decomposition of excessive algae is associated with
oxygen shortages and fish kills (Carpenter et al., 1998). Finally, excess nutrients can
promote invasion by non-native species like Phragmites australis ssp. australis
(Galatowitsch et al., 1999).
Nutrient Removal
Fortunately, wetland ecosystems can be a hotspot for nitrogen and phosphorus
removal (Cheng & Basu, 2017; Zedler & Kercher, 2005). Submerged wetland ecosystems
remediate nitrogen and phosphorus pollution through a variety of mechanisms, including
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biological uptake, sedimentation, and denitrification. Wetland submerged aquatic
vegetation, phytoplankton and other microorganisms uptake inorganic forms of N and P
(NO3-, ammonium (NH4+), and orthophosphate (PO43-)). This is only a temporary
removal as the majority of the nutrients will be recycled back into the water column.
However, a small portion will become organic matter in the sediment that is more
resistant to decomposition and can collect over time through accretion (Craft, 2007;
O'Connell & Sankaran, 1997).
Nitrogen and P present in particulates can settle out of the water column. This is
an especially important mechanism for P removal because P is most often found attached
to soil particles and sediments (He et al., 2018; Hosomi & Sudo, 1992). In wetlands,
sediment-rich water is held in place long enough for soil particles to settle out of the
water column (Smil, 2000). Plants can facilitate this process. For example, the leaves of
submerged sago pondweed (Stuckenia pectinata), have a highly reticulate structure that
allows them to physically filter particulate matter from the water (Engelhardt & Ritchie,
2001). If there is more settling than resuspension of particulates (net sedimentation)
within the wetland, burial of nutrients will occur. However, nutrient rich sediments can
also leach dissolved nutrients (Lowrance, 1991). In natural wetland systems, burial of
nutrients will likely have a long-term impact on concentrations over time (Hantush et al.,
2013).
Denitrification is the biological reduction of NO3- or NO2-to nitrogen gas (N2) and
nitrous oxide (N2O) (Knowles, 1982; Vitousek & Howarth, 1991). The process is carried
our primarily by heterotrophic bacteria that use nitrate (rather than oxygen) as a terminal
electron acceptor during respiration (Paul, 2015). The general pathway is:
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2𝑁𝑁𝑁𝑁3 − → 2𝑁𝑁𝑁𝑁2 − → 2𝑁𝑁𝑁𝑁 → 𝑁𝑁2 𝑂𝑂 → 𝑁𝑁2
Eq. 14.9 (Paul, 2015)

Submergent wetland ecosystems provide an ideal environment for denitrification to occur
because flooded conditions cause oxygen to be in low supply and sediments are carbonrich (Kadlec, 2012). Additionally, submergent wetlands provide an environment where
favorable conditions for both nitrification (aerobic water column) and denitrification
(anoxic sediment) are close together (Seitzinger et al., 2006), and therefore, coupled
nitrification-denitrification can occur (Baldwin, 2018). A wide range of bacteria can use
nitrogen oxides as electron acceptors during respiration but they are usually facultative
anaerobes like Pseudomonas, Bacillus, Thiobacillus, Propionibacterium and others
(Wrage et al., 2001). Partial denitrification occurs when NO3- is not fully reduced to N2,
but remains as N2O. The process can be caused by environmental or abiotic factors
including pH, % oxygen (O2) saturation, and the concentration of intermediate
compounds as well as the inability of organisms to synthesize nitrogen oxide reductases
(Reddy & DeLaune, 2008). Partial denitrification is an undesirable outcome because N2O
is a significant greenhouse gas with nearly 300 times the warming potential of carbon
dioxide (CO2) on a 100-y timescale, and it is also the single most important ozonedepleting substance in this century (Griffis et al., 2017; Ravishankara et al., 2009).
Nutrient Limitation
Phytoplankton growth in aquatic ecosystems is controlled by the most limiting
essential nutrient, commonly N or P (Paerl et al., 2016). It is important to control inputs
of excessive nutrients, especially the limiting nutrient, in order to prevent eutrophication,
regime shift, and harmful algal blooms (Glibert et al., 2014; Scheffer & Jeppesen, 2007;
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Smith, 2003). Liebig’s Law of the Minimum has been used to describe the relationship
between specific limiting factors and net primary production (NPP) (Paris, 1992). The
law generally seems to apply to all ecosystems, especially in infertile environments
(Ågren et al., 2012), however, there are factors which complicate the basic law of the
minimum framework. Specifically, co-limitation, substitutable resources, plasticity, and
temporality are important factors to be considered in the relationship of nutrient
availability and net primary production.
Net primary production is commonly limited by the availability of N and P in
freshwater, marine, and terrestrial environments (Elser et al., 2007). N is traditionally
viewed as the primarily limiting nutrient in terrestrial and marine ecosystems while P is
seen as the main limiting nutrient in lakes (Correll, 1999; Howarth & Marino, 2006).
However, these generalizations are brought into question with evidence of co-limitation
of N and P in lakes (Elser et al., 1990; Paerl et al., 2016). Elser and others (2007)
performed a meta-analysis of experimental enrichments of N and P in terrestrial, marine,
and aquatic ecosystems. The authors found that P limitation is equally strong across all
habitat types and that N and P limitation are equivalent within terrestrial and freshwater
systems. Importantly, they found that simultaneous N and P supplementation produces
strongly positive growth responses, suggesting co-limitation (Elser et al., 2007).
Co-limitation challenges the conventional view (as stated in Liebig’s law of the
minimum) that plant growth is usually limited by one nutrient at a time (Ågren et al.,
2012). Autotrophic organisms have some capability to alter the amount of effort given to
obtaining certain resources. Resources which are abundant are given less effort while
scarce resources are allocated for more effort (Bloom et al., 1985). It is this capability to
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alter the amount of effort given to obtain nutrients that allows organisms to be co-limited
under a range of ambient concentrations/ratios of essential nutrients (Danger et al., 2008).
In contrast to the traditional view of nutrient limitation where the limiting nutrient
changes directly from one nutrient to another, there is likely a transition phase in which
co-limitation occurs (Danger et al., 2008; Schade et al., 2005).
Substitutable resources can complicate nutrient limitation dynamics. If a resource
can be substituted, then the lack of the resource will not affect growth when the substitute
is present. Essential elements that perform vital functions within organisms that cannot be
substituted include C, hydrogen (H), N, O, P, sulfur (S), silicon (Si), potassium (K),
calcium (Ca), magnesium (Mg), iron (Fe), molybdenum (Mo), nickel (Ni), manganese
(Mn), chlorine (Cl), copper (Cu), zinc (Zn), and boron (B) (Kathpalia & Bhatla, 2018;
Maathuis & Diatloff, 2013; Soetan et al., 2010). While some functions must be carried
out by a specific element (the reason they are considered essential), other functions are
not specific to the element and can be substituted for by another element. For example, K
is required to regulate the opening and closing of stomata and also functions as an
osmoregulator to reduce water loss and wilting. Sodium (Na) can replace K as an
osmoregulator but not for opening and closing stomata (Nieves-Cordones et al., 2016).
Plasticity is the adaptability of an organism to changes in its environment. In
stoichiometry, plasticity refers to an organism’s ability to be flexible in stoichiometric
ratios depending on resources available in the environment (Meunier et al., 2017). In
general, plants and other autotrophic organisms can show plasticity in stoichiometric
ratios while animals do not (Liu & Sun, 2013). In addition to differences in
stoichiometric ratios of nutrients between taxa, there can also be differences within taxa
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due to this flexibility (Glibert & Kana, 2016). If an organism can adjust its stoichiometry
to use less of a particular nutrient, then growth is not limited by that nutrient in a linear
fashion. For example, individual freshwater bacterial isolates grown under limited P
conditions had extremely high C:P and N:P ratios with an average community biomass
configuration of 875C:179N:1P, well above the Redfield ratio at 106C:16N:1P (Cotner et
al., 2010). This suggests that these bacterial isolates can be extremely nutrient poor.
Growth in this case would not follow a linear model relative to P concentration because
of the plasticity in stoichiometry.
Temporality also plays an important role in nutrient limitation. It is possible for an
ecosystem to be limited by different elements or resources depending on the season or
even time of day. For example, light may limit growth at a certain point of the day while
P could be limiting during the peak hours for photosynthesis when ample light is
available. Chaffin, Bridgeman, and Bade (2013) measured phytoplankton nutrient
limitation in Lake Erie over two growing seasons. Nutrient enrichment bioassays with
treatments of P addition, N addition, or P+N addition were conducted monthly from June
to September. The authors found that P was the key limiting nutrient in the spring while
N was the limiting nutrient to phytoplankton growth in the fall (Chaffin et al., 2013). The
seasonal variation in nutrient limitation has also been shown in marine ecosystems.
Alcoverro and others (1997) investigated the extent and seasonality of nutrient limitation
of seagrass (Posidonia oceanica) in the northwest Mediterranean Sea. Nutrient
deficiencies were highest in late spring and summer and were alleviated in the fall.
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Conclusion
Better understanding of nutrient removal functions and nutrient limitation are
needed to protect submergent wetlands from human alterations (such as decreased water
availability and excessive nutrients) and regime shift. My dissertation will help wetland
managers and scientists better understand how to protect the ability of Great Salt Lake
wetlands to provide critical ecosystem services like water quality improvement and
biodiversity support. First, I will investigate the effect of ecological stressors (such as
increased salinity, lower aquatic plant cover, and reduced P availability on wetland
nutrient assimilation. Next, I will determine which wetland characteristics have the
largest overall association with wetland quality, informing wetland managers and policy
makers which physical qualities are most important to regulate and protect. Finally, I will
characterize the bacterioplankton communities within the wetland impoundments and
determine a suggested water quality standard for the limiting nutrient needed to prevent
excessive phytoplankton growth and regime shift at the local scale.
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CHAPTER II. WETLAND WATER QUALITY IMPROVEMENT FUNCTIONS
SHOW RESISTANCE TO ENVIRONMENTAL STRESS
Buck, R. L., J. M. Stark, and M. A. Baker
Abstract
Wetlands are unique ecosystems that provide many critical services. They are especially
suited to improve water quality by removing sediments, nutrients, and other contaminants
from water. The extent to which impounded wetlands surrounding the Great Salt Lake,
Utah, can process and remove nutrients such as nitrogen and phosphorus remains
unknown. While basic knowledge of wetland function suggests that this ecosystem
service could be extensive, global change is a threat to wetland water quality functions. In
particular, higher human populations and associated nutrient loading can lead to
eutrophication and regime shift from a plant-dominated to phytoplankton-dominated
community.
Water quality standards are one strategy that can protect wetlands. Methods to assess
wetland function, such as nutrient assimilative capacity and the factors affecting it, will
help inform the development of site-specific water quality standards. Accordingly, our
objectives were to develop and test easy methods to evaluate, in situ, nutrient (nitrogen
and phosphorus) assimilative capacity of impounded wetlands, and understand the role of
environmental stressors in mediating this capacity. We hypothesized that key
environmental covariates affecting the rate of nutrient removal in wetlands include
salinity, ambient nutrient levels, and the presence of submerged aquatic vegetation
(SAV). Treatments of increased salinity, decreased ambient nutrient levels, and removal
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of SAV were applied to wetland mesocosms in a randomized block design with three
replicates at two locations. Assimilative capacity was measured as the removal rate
coefficient following a pulse of nutrients (NO3- and PO43-) added to the water column of
each mesocosm. Counter to our hypothesis, we found no significant differences in
nutrient removal rate constants among treatments. This finding suggests that nutrient
assimilative capacity by wetland impoundments is resistant (i.e. withstands change) to
these environmental stressors. As a field method, mesocosms appear to effectively
estimate assimilative capacity and can form the basis of future studies to identify sitespecific water quality standards.
Keywords: wetland, nitrogen, phosphorus, nutrient, assimilation, mesocosm
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Introduction
Eutrophication is a widespread problem affecting waterbodies world-wide (Smith
& Schindler, 2009). Nitrogen (N) and phosphorus (P) pollution contributes to excessive
phytoplankton growth and, ultimately, degraded water quality (Carpenter et al., 1998;
Wurtsbaugh et al., 2019). Current global mapping of freshwater nutrient enrichment
estimates that 31% of the worldwide land area containing catchments with large rivers
has undesirable levels of periphyton growth (McDowell et al., 2020). Recent national
assessments find that 46% of river and stream miles are in poor ecological condition, and
21% of the nation’s lakes are hypereutrophic. Nitrogen and P are the most widespread
stressors found in these impaired water bodies (U.S. Environmental Protection Agency,
2017). Despite that nutrient point sources have been better controlled over the past
several decades, diffuse sources of nitrogen and phosphorus continue to be a persistent
problem (Le Moal et al., 2019; Wurtsbaugh et al., 2019).
Wetlands are uniquely suited to help ameliorate eutrophication because of their
capacity to remove sediments, nutrients, and other pollutants from water (O'Geen et al.,
2010). For example, in agricultural landscapes, fluvial wetland restoration has been
shown to be the most effective watershed management practice for sediment and nitrate
(NO3-) reduction (Hansen et al., 2021). In wetlands, nutrients are removed through a
combination of physical, chemical, and biological processes (Kreiling et al., 2013; Lane
et al., 2018; Marton et al., 2015). Phosphorus removal in wetlands occurs primarily
through sedimentation, soil adsorption, precipitation, and biological uptake/detritus
accumulation (Hafner & Jewell, 2006; Reddy et al., 1999). The long residence time
within wetlands allows soil particles containing P to settle out of the water (Smil, 2000).
Additionally, some aquatic plants, such as sago pondweed (Stuckenia pectinata), have a
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highly reticulate leaf structure that is important in filtering P (Engelhardt & Ritchie,
2001). However, P levels within the water column are dynamic, and sedimentary P
exchange is a complex process (Hupfer & Lewandowski, 2008). The degradation of
organic matter and reduction of Fe-oxides within sediment releases P to the water column
(Wu et al., 2021). In addition, drying and rewetting cycles also stimulate the release of P
from soil (Gu et al., 2018). Similar to P, N removal occurs through sedimentation, soil
adsorption, biological uptake, and, additionally, denitrification (Faulwetter et al., 2009;
Nichols, 1983; Saunders & Kalff, 2001). Wetlands with shallow water are especially
effective at nitrate removal through coupled nitrification-denitrification. As atmospheric
O2 diffuses through the shallow water, an oxic sediment layer is created providing prime
conditions for nitrification (Penton et al., 2013; Racchetti et al., 2017). Anoxic sediments
can then allow denitrification to remove the nitrate as advective or diffusive flow
transports the nitrate downward (Van Cleemput et al., 2007).
Global change threatens the capacity of wetlands to improve water quality. While
eutrophication is a significant problem in many wetlands (Neubauer & Craft, 2009), the
effect of excess nutrients on wetland assimilative capacity is poorly known. Some studies
show a fertilization effect on wetland plant biomass, which could translate into increased
assimilative capacity (Frost et al., 2009; Hesse et al., 1998), while others do not
(Neubauer & Craft, 2009). Excessive nutrients can contribute to a regime shift in shallow
waters from an oligotrophic, clear water state dominated by aquatic plants to a eutrophic,
turbid state characterized by high phytoplankton biomass, with unknown effects on
nutrient assimilation by wetlands (Hilt et al., 2017; Phillips et al., 1978; Scheffer et al.,
1993). As the human population increases, the threat of nutrient loading from human

16
activities also increases (Millenium Ecosystem Assessment, 2005). Water diversions are
also a threat to wetlands, which is particularly true in Utah, USA, where the population is
expected to nearly double by 2065, with a projected population of 5.8 million (Perlich et
al., 2017). Consumptive use of water within Utah’s watersheds has reduced net river
inflow to the Great Salt Lake by 39 percent over the past 150 years (Null & Wurtsbaugh,
2020).
Global climate change is anticipated to decrease mountain snowpack and
exacerbate drought conditions in the Intermountain West of the United States (Gillies et
al., 2012), which would likely lead to reduced freshwater inputs to wetlands, and could
increase water column salinity (Zedler & Kercher, 2005). Such a change may also
influence wetland capacity for nutrient uptake. For example, high salinity treatments (>20
dS/m) have been shown to inhibit the absorption of N and P by some aquatic plant
species (Chen et al., 2019).
The non-tidal, estuarine wetlands of the Great Salt Lake (GSL) are particularly
vulnerable to the above global changes as the most downstream waters. These wetlands
are hydrologically managed as waterfowl impoundments, with a goal to create a network
of shallow (~0.3 m) wetland ponds to support primarily Stuckenia pectinata (Downard et
al., 2017; Engelhardt & Ritchie, 2001). The degree to which these impounded wetlands
can process and remove nutrients remains unknown, although basic knowledge of
wetland function suggests that this ecosystem service could be extensive (Batzer &
Sharitz, 2014). These ecologically critical wetlands are designated as a Western
Hemisphere Shorebird Reserve (Myers et al., 1990) and should be conserved.
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Wetland water quality functions can be protected and conserved through the
development of water quality standards (Robb, 1992). Water quality standards for
wetlands provide the framework for environmental assessments and reduce uncertainty
for management and enforcement decisions (U.S. Environmental Protection Agency,
2008). In 1990 national guidance was published requiring states to develop water quality
standards (Robb, 1992). However, many states are still presently working on developing
standards. Only ten states and tribes currently have developed narrative and numeric
nutrient criteria for wetlands (UDWQ, 2019). Highly fluctuating conditions within
wetlands make establishing generalizable water quality standards challenging, thus many
states and tribes seek to develop site-specific nutrient criteria (Liang et al., 2020).
Methods to assess the quality of wetland functions such as nutrient assimilative capacity
are needed to guide the development of site-specific standards.
The overall goals of this study were 1) to evaluate, in situ, wetland responses to
nutrient pollution (N and P) as an estimate of nutrient assimilative capacity, and 2) to
understand the role of environmental stressors tied to global change, specifically salinity,
ambient nutrient levels, and the presence of submerged aquatic vegetation (SAV), in
mediating these responses. We expected higher nutrient assimilative capacity to occur
with higher SAV cover, lower salinity, and lower ambient levels of N and P. The
methods to measure assimilative capacity as developed here will also support a
quantitative approach for developing water quality standards for wetlands in Utah by
providing a controlled means for measuring the response of wetland impoundments to
increased nutrient stress.
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Methods
Site description
Our experiments were conducted over two years at two areas of managed
wetlands surrounding the Great Salt Lake, Utah—the Farmington Bay Waterfowl
Management Area (2017) and the Bear River Bay Migratory Bird Refuge (2018; Figure
2.1). The Farmington Bay Waterfowl Management Area (FBWMA) contains 18,000
acres of impounded wetlands managed by the State of Utah Division of Wildlife
Resources for optimal bird habitat. The Bear River Migratory Bird Refuge (BRMBR) is
federally managed through the U.S. Fish and Wildlife Service and contains nearly 80,000
acres of marsh, open water, uplands, and alkali mudflats (Coombs, 2017). Our
experiments took place in large, impounded wetlands which were constructed in the
1920s and 1930s to provide habitat for raising waterfowl and hunting purposes
(Christiansen & Low, 1970). The impoundments are fed by surface flows from the
Wasatch Mountains, primarily the Jordan River at FBWMA and the Bear River at
BRMBR. When available, excess stream waters are used to flood the impoundments from
March to September. The impoundments are diked and the water level is carefully
controlled to allow for the growth of desirable aquatic plants like Stuckenia spp.
(Christiansen & Low, 1970; Downard et al., 2014). At the start of our experiments, the
impoundments were 40–45 cm (FBWMA) and 10–15 cm deep (BRMBR) with moderate
salinity, low dissolved NO3-, and high NH4+ and PO43- in the water column (Table 2.1). In
addition, the high diurnal dissolved oxygen (DO) change indicates that both
impoundments are highly productive (Table 2.1). Since the areas surrounding the Great
Salt Lake are mainly desert lands, the wetlands are especially critical habitat for
approximately 200 species of birds that use them. However, as the most downstream
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waters, these wetlands are particularly threatened by human activities like nutrient
loading and water diversions occurring upstream.
We used an experimental approach to evaluate environmental stressors tied to
global change on the capacity of impounded wetlands to remove N and P from the water
column. Our experiments were conducted in two years in two impoundments managed
for waterfowl that border the Great Salt Lake in northern Utah.
Mesocosms
We estimated nutrient assimilative capacity by adding a known amount of N and
P (0.1 mg/L) to the impoundment and measuring the changing concentration over four
hours. Accurately measuring the decrease of water column NO3-N and PO4-P within the
large impoundments over time requires an enclosed space. Also, we wanted to keep the
enclosures relatively large to reduce container effects. Mesocosms are intermediate-sized
environmental enclosures that can be manipulated experimentally and are commonly
used for research in aquatic ecosystems (Odum, 1984). The mesocosms used in this study
were clear plastic (polycarbonate resin thermoplastic) and cylindrical, with a diameter of
1.94 m and a height of 1 m. The mesocosms were open to sediment at the bottom and
were installed firmly in the sediment to a depth of 30 cm (Figure 2.2). A bird repellent
device (Bird-X) was installed to discourage waterfowl from resting on the mesocosms.
Last, these impounded wetlands often have fish in them; however, no fish were enclosed
within the mesocosms.
Farmington Bay treatments (2017)
We designed four treatments to investigate the effect of environmental covariates
(salinity, ambient nutrient levels, SAV) on nutrient uptake. We expected more nutrient
uptake to occur in mesocosms with lower salinity, lower ambient levels of N and P, and
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higher SAV cover. Because freshwater from influent rivers that feed these wetlands may
be reduced with climate change, we created a drought simulation treatment by increasing
the salt content within mesocosms by 1000 mg/L using sodium chloride (NaCl).
Additionally, with improving technology, wastewater treatment plants that discharge into
inflowing waters to the wetlands may be able to remove more phosphorus (P), and lower
P concentrations may affect P uptake. For the second treatment, we added 72 mg/L of
alum (Al2(SO4)3) to precipitate water column P and lower ambient P levels. Finally, we
wanted to know the effect of macrophyte removal on nutrient uptake, so we removed the
submerged aquatic vegetation (SAV, mostly sago pondweed, Stuckenia pectinata) from a
group of mesocosms. Last, we included a control treatment with no changes to the
mesocosms. Three replicates of each treatment were deployed, for a total of 12
mesocosms.
Bear River Migratory Bird Refuge treatments (2018)
We originally planned to replicate the treatments from FBWMA at BRMBR.
However, 2018 was a dry year, with our study region in moderate to severe drought (U.S.
Drought Monitor 2018). The impoundment we had initially planned to perform our
experiment did not have water. We instead made modifications in the experimental
design and installed the study in another impoundment, which was more shallow than the
impoundment at FBWMA (15 cm vs. 40 cm water depth) with no SAV. Because there
was no SAV present in the impoundment, we could not have a treatment where we
removed the SAV. Also, the impoundment at BRMBR had a much higher specific
conductance than FBWMA (13.5 dS/m vs. 2.5 dS/m; Table 1). Therefore, treatment with
increased salinity was not applicable since the salinity was already elevated within the
impoundment. The only original treatment that could still be done with these
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complications was to reduce ambient PO4-P concentration with alum. In addition, we
wanted to know how nutrient uptake would be affected if the water was very eutrophic.
The Jordan River, which enters the FBWMA wetlands, can have on the order of 1 mg P
and 10 mg N/L, but the Bear River, which brings water to the BRMBR wetlands, is much
less nutrient-rich. Thus, for the last treatment, we increased the P concentration by 1
mg/L with KH2PO4 and the N concentration by 10 mg/L with the addition of KNO3. In
summary, there were three treatments: Control, - Ambient Nutrient, and + Ambient
Nutrient. We deployed three replicates of each treatment in a randomized block design
with a total of nine mesocosms.
Nutrient additions
After allowing one week for the mesocosms to equilibrate from any sediment
disturbance and prior to application of treatments, we performed a pulse addition of
nutrients (as nitrate (NaNO3) and phosphate (KH2PO4), at 0.1 mg N and P/L doses) in
each mesocosm to measure initial nutrient assimilative capacity. This dosing level was
chosen because it was sufficiently above background level that it could be detected in
initial samples, but not so high as to stimulate nutrient assimilation (Tank et al., 2008).
This initial measurement allowed us to evaluate how variable the method is among all of
the mesocosms. Water samples (~50 mL) were collected from each mesocosm before the
nutrient addition and at 15, 30, 45, 60, 75, 90, 105, 120, 150, 180, 210, and 240 minutes
after addition to measure the decline in water column nutrients. The samples were filtered
in the field (Whatman glass fiber filter size GF/F, Maidstone, UK), stored on ice until
return to the lab when they were frozen until analysis. Mesocosm pH, salinity, and
temperature were measured prior to each nutrient addition using a handheld meter
(Pro1030, YSI Inc., Yellow Springs, OH, USA). Water depth was also measured prior to
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each nutrient addition to calculate the amount of nutrient to add and to account for
evaporation. After the initial nutrient addition measurement, treatments were applied to
each mesocosm. Then, the mesocosms were left to equilibrate for another week. Next,
three repeated measures of nutrient pulse additions and decline rates were performed as
described above approximately one week apart. At FBWMA, these occurred on July 21,
27, and Aug 3, 2017. At BRMBR, these occurred on May 30, Jun 6, and Jun 8, 2018. The
last repeated measure at BRMBR was done earlier than originally scheduled because the
impoundment was quickly losing water to evaporation. Finally, continuously-recording
dissolved oxygen/temperature sensors (miniDOT, PME, Vista, CA, USA) were deployed
in two of the replicates throughout the study at each site so that metabolism estimates
(GPP, R, and NEP) could later be calculated.
After completing the final nutrient pulse measurements, SAV, sediment,
chlorophyll α, and ash-free dry mass samples were taken from each mesocosm. All of the
SAV was harvested from each mesocosm containing SAV so that we could estimate
biomass.
Nitrate production and consumption
Because nitrification can influence the water column concentration of NO3-N, we
performed an isotope dilution microcosm study in August 2018 at Farmington Bay
Waterfowl Management Area to estimate the gross consumption and production rates of
nitrate. The study was arranged with the same treatments as the mesocosm experiment in
2017; however, small, ~ 1 L glass bottles were used as microcosms instead of
mesocosms. There were four treatments (Control, -Ambient Nutrient, -SAV, +Salinity)
with three replicates of each. Each of the 12 bottles was filled with 900 ml of water and
approximately 1 g of sediment from the wetland. Nine of them also received one 10 cm
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branch of SAV (Stuckenia pectinata). The alum for the –Ambient Nutrient treatment and
the NaCl for the +Salinity treatment were added to the microcosms to equal the same
concentration as the mesocosm study (72 mg alum/L and 1000 mg NaCl/L). A pulse of
nitrate was added to each microcosm at 0.1 mg NO3-N/L. The pulse contained NO3-N at
approximately 60 atom percent 15N. An initial water sample was immediately taken, and
then the microcosms were capped placed into the wetland to have comparable light
availability and temperature. The microcosms incubated in place for four hours (the same
time period as our sampling for nutrient uptake with the mesocosms). After removal, a
final water sample was taken from each microcosm. Initial and final samples were
analyzed for nitrate concentration (described below) and atom percent 15N. The isotope
analysis was performed at UC Davis Stable Isotope Facility by a bacterial denitrification
assay (Sigman et al., 2001). Isotope ratios of 15N were measured using a ThermoFinnigan
GasBench + PreCon trace gas concentration system interfaced to a ThermoScientific
Delta V Plus isotope-ratio mass spectrometer (Bremen, Germany). Mean measurement
error (σ) and accuracy, as determined by replicate measurements of the quality control
and assurance materials, were below expected measurement error (± 0.4 ‰ for δ15N).
The gross production and consumption rates were calculated with the following equations
(Hart et al., 1994; Stark, 2000):

Gross production rate

Gross consumption rate

𝐺𝐺𝐺𝐺𝐺𝐺 =

𝑃𝑃0 − 𝑃𝑃𝑡𝑡 log10 ( 𝐼𝐼0 ⁄𝐼𝐼𝑡𝑡 )
×
log10 ( 𝑃𝑃0 ⁄𝑃𝑃𝑡𝑡 )
𝑡𝑡
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𝐺𝐺𝐺𝐺𝐺𝐺 = 𝐺𝐺𝐺𝐺𝐺𝐺 −

𝑃𝑃𝑡𝑡 − 𝑃𝑃𝑜𝑜
𝑡𝑡

where P0 = Initial nitrate concentration (mg/L), Pt = Final nitrate concentration, I0 = Initial
relative amount of 15N above background (atom % excess), It = Final relative amount of
15

N above background, and t = time of incubation (h).

Sample analysis
The water samples taken during each experiment were filtered immediately
through pre-ashed 0.70 µm pore size glass fiber filters (Whatman GF/F, Maidstone,
United Kingdom), stored in a cooler with ice, and frozen upon arrival to the laboratory.
Water sample analyses were conducted at the USU Aquatic Biogeochemistry Laboratory.
Micro-segmented flow analysis was used to determine NO3-N, NH4-N, and
orthophosphate-P (Detection limits 0.001, 0.030, and 0.005, respectively; Astoria
Analyzer, Astoria-Pacific, Clackamas, OR). The concentration of NO3-N was determined
using the cadmium reduction method (U.S. Environmental Protection Agency, 1993b),
and the concentration of NH4-N was determined by the phenol-sodium nitroprusside
method (U.S. Environmental Protection Agency, 1993a). Orthophosphate was measured
using the molybdenum blue method (U.S. Environmental Protection Agency, 1993c).
Chlorophyll a was extracted from filters using hot ethanol and analyzed using a
fluorometer (Hauer & Lamberti, 2006). SAV samples were analyzed for total biomass,
total nitrogen, total phosphorus, and percent ash-free dry mass at the BYU Environmental
Analytical Laboratory. Total nitrogen in SAV and sediment samples were determined by
combustion and thermal conductivity detection ((McGeehan & Naylor, 1988); TruSpec
CN Determinator, LECO Instruments, St. Joseph, MI, USA). Total phosphorus in SAV
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and sediment samples was determined by nitric-hydrogen peroxide microwave digestion
(Ethos EZ, Milestone, Shelton, CT, USA) followed by quantification with ICP-OES
(iCAP 7400, Thermo Scientific, Waltham, MA, USA). Organic matter in sediment was
determined by dichromate oxidation (Walkley & Black, 1934), and the sediment texture
was analyzed by hydrometer (Gee & Or, 2002).
Data interpretation and statistical analysis
The decline in NO3-N and PO4-P over time was modeled as first-order decay,
which has been shown to accurately describe nitrogen removal in wetland mesocosms
(Messer et al., 2017). Nutrient uptake was estimated by plotting the natural log
concentration of N and P vs. time and determining the first-order rate constant (i.e. the
nutrient uptake rate constant) from the slope of the regression line. We then tested the
effect of the different treatments (Control, + Salinity, - Ambient Nutrient, - SAV and
Control, + Ambient Nutrient, - Ambient Nutrient) on nutrient uptake rate constants. We
expected that more uptake would occur in mesocosms with lower salinity, lower ambient
levels of P and N, and higher SAV cover. The rate constants were statistically analyzed
with a random intercept linear mixed-effects model in program R with package lme4
(Bates et al., 2015). For the nitrate consumption and production isotope dilution
experiment, mean GPR and GCR were compared among treatments using a one-way
ANOVA model in R (package lme4).
Results
Nutrient uptake prior to treatment application
Before treatments were applied, a nutrient addition of N and P was performed in
all of the mesocosms at each site in order to assess how much variability would be
present among mesocosms. Nutrients generally declined in a log-linear fashion over time
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(Figure 2.3). The mean NO3-N uptake rate constant measured initially among 12
mesocosms at FBWMA was 0.57/h with a coefficient of variation (CV) of 33% (Figure
S1). The pre-treatment NO3-N uptake rate constant at BRMBR was higher than at
FBWMA, with a mean of 0.91/h and a CV of 27% among 9 mesocosms (Figure S2). The
mean PO4-P uptake rate constant measured within each mesocosm before treatment
application at FBWMA was 0.17/h with a CV of 35% (Figure S3). The same
measurement at BRMBR was lower, with a mean of 0.094/h and a CV of 80% (Figure
S4).
Nitrate production and consumption
Gross nitrate production and consumption were measured to determine their effect
on water column nitrate concentrations. The mean gross consumption rate of nitrate
measured through isotopic dilution ranged from -1.19 to 71.5µg N/L/h by treatment
(Table S2). The means were not significantly different from each other among treatment
groups (p = .15). The overall mean gross consumption rate of nitrate was 33.6 µg N/L/h.
Next, the mean gross production rate of nitrate measured through isotopic dilution ranged
from -0.0488 to 0.701 µg N/L/h by treatment, and there was no difference among
treatments in mean gross production rate (Table S3, p = .61). The overall mean gross
production rate of nitrate was 0.413 µg N/L/h.
Experimental results from Farmington Bay, 2017
Nitrogen
After treatment application, we expected more nutrient uptake to occur in
mesocosms with higher SAV cover, low salinity, and low ambient levels of P. However,
the three repeated measures showed no treatment effect for NO3-N removal after
controlling for variation in repeat, block, and mesocosm (p = .64; Table 2.2). The mean
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NO3-N uptake rate constants (1/h) ranged from 0.25 to 0.35 by treatment, with an overall
mean of 0.30 (Figure 2.4A). Despite the lack of treatment effects, nitrate uptake had a
significantly lower rate constant on the third repeated measure (Aug 3, 2017) compared
with the first and second measurements (21 and 27 July 2017; Figure 2.5A). Additionally,
the ammonium concentration found in each mesocosm immediately before the nutrient
pulse was added (initial NH4-N) was a significant covariate (p < .001; Table 2). The NO3N uptake declined as initial NH4-N increased (Figure 2.6). Finally, although there was no
significant change in NO3-N uptake by treatment, the chlorophyll α concentration found
in the mesocosms where SAV was removed (-SAV treatment) was significantly higher
(8.9 µg/L) than the other treatments (0.6, 2.1, and 1.3 µg/L) at the end of the study (p <
.01; Figure 2.7A).
Phosphorus
Contrary to our hypothesis, but similar to nitrate uptake, mesocosm treatments
had no effect on PO4-P uptake (p = .97; Table 2.3; Figure 2.4A). The mean PO4-P uptake
rate constants (1/h) ranged from 0.068 to 0.082 by treatment, with an overall mean of
0.077 (Figure 2.4A). Phosphate-P uptake rate constants were also not significantly
different by date (p= .51; Table 1.3; Figure 2.5A). There was no significant difference in
initial PO4-P among treatments (p = .97), showing that the alum addition in the - Ambient
Nutrient treatment did not decrease background level PO4-P (Figure S5).
Experimental results from Bear River Bay, 2018
Nitrogen
Consistent with our experiments in 2017, after treatment application, there was no
evidence of an association between treatment and NO3-N uptake in mesocosms in the
three repeated measures after controlling for variation in repeat, block, and mesocosm (p
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= .90; Table 2.4; Figure 2.4B). However, nitrate uptake differed significantly by date
measured (Table 2.4). The uptake rate constant measured on May 30, 2018, was
significantly lower than those measured on Jun 6 and Jun 8 after accounting for variation
in treatment, block, and mesocosm (Figure 2.5B). In addition, there was no significant
correlation between temperature, depth, or salinity with nitrate uptake rate constants.
Chlorophyll α measured at the end of the study did not significantly differ among
treatments, however the mean concentration in the + Ambient Nutrient treatment was
nearly double the others (Figure 2.7B). In addition, there were significant differences in
initial NO3-N concentrations. After treatments were added, initial NO3-N in the +
Ambient Nutrient treatment averaged 43.9 mg/L, which is significantly higher than the
control (0.208 mg/L) and – Ambient Nutrient (0.142 mg/L) treatments (Figure 2.8). By
the next week (Jun 6), initial nitrate in the + Ambient Nutrient treatment returned to
background levels found in the other treatments. Finally, unlike the experiments in
Farmington Bay in 2017 described above, initial NH4-N was not a significant covariate
for nitrate uptake.
Phosphorus
Nutrient uptake measurements performed after treatment application showed no
evidence of a treatment effect on PO4-P uptake (p = .39; Table 2.5; Figure 2.4B).
Phosphate-P uptake rate constants were also not significantly different by date (p = .69;
Table 2.5; Figure 2.5B). Initial PO4-P was higher on average on May 25 (before
treatment application) compared to May 30 and Jun 6 after accounting for variation in
block and mesocosm (Figure 2.9).
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Discussion
We investigated the response of N and P uptake rate constants to different
environmental perturbations using mesocosm experiments at two locations. At FBWMA
(2017) we studied the effect of salinity, lower ambient nutrient levels, and submerged
aquatic vegetation. In addition, at BRMBR (2018) we studied the effect of both lower and
higher ambient nutrient levels. For both nutrients at each repeated measure and location,
we did not find any significant differences among treatments. The lack of differentiation
in rate constants measured among treatments at both locations suggests that, at least in
the short term, nutrient assimilation is resistant to the types of global changes our
treatments meant to simulate. For example, our mesocosms with removed submerged
aquatic vegetation (-SAV) had a significantly higher amount of chlorophyll α at the end
of the study, pointing to higher phytoplankton biomass, which assimilated the extra
nutrients the plants were not there to remove. This quick shift to high algal biomass
shows potential vulnerability with respect to a regime shift. Olesen and others (2018)
found a similar result in a mesocosm study in a constructed wetland. Measured uptake
rates of NO3-N were similar in habitats with or without plants. However, the authors did
find that PO4-P uptake was 3 to 5 times higher in habitats with plants compared to
without (Olesen et al., 2018). In terms of salinity, our +Salinity treatment salinity was not
that much higher than the other treatments (4.5 dS/m compared to 3.8 dS/m on average).
Additionally, the primary SAV found at the 2017 site, Stuckenia pectinata (sago
pondweed), is very tolerant of high salinity (Kantrud, 1990). Stuckenia pectinata has
even been shown to thrive with a salinity of 12 ppt (20.1 dS/m) when the temperature is
high (30°C), so it is not surprising that the salinity treatment did not affect the nutrient
uptake rate constants (Wittyngham et al., 2019).
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Nitrogen plays an important role as a limiting nutrient in both marine and
freshwater aquatic ecosystems (Elser et al., 2007; Paerl et al., 2016). In the wetland
impoundments we studied, we generally found higher rate constants for nitrate uptake
compared to phosphate uptake (Figures 2.4 and 2.5), which suggests these wetlands are N
limited. In addition, a recent global model of N and P limitation predicts that Utah
watersheds are N limited (McDowell et al., 2020). Duncan (2019) measured low N:P
ratios in Phragmites australis leaves within Great Salt Lake wetlands, also indicating N
limitation. At our sites, the molar ratio of dissolved inorganic nitrogen to orthophosphate
was 0.77 (FBWMA) and 4.6 (BRMBR). Though these are not the total N:P ratios, they
are substantially less than 16, providing more evidence of nitrogen limitation. In addition,
our isotope dilution experiment showed that gross NO3- consumption rates were typically
two orders of magnitude higher than gross NO3- production, indicating a limitation in
NO3- supply (Tables S2, S3). In addition, herbivory from waterfowl has been shown to
inhibit nitrification by altering plant rhizosphere oxidation (Winton & Richardson, 2017),
which could also be playing a role in low nitrate availability, especially since we
measured very low rates of gross nitrate production at our site (Table S3). We also found
sediment NH4+ pools to be 60x higher than NO3- at the Farmington Bay site where
herbivory was occurring, showing another line of evidence for decreased or inhibited
nitrification. The suggested N limitation has important management implications,
showing that controlling nitrogen inputs to these wetlands will be critical for controlling
phytoplankton growth and preventing regime shift.
The presence of NH4+ is known to inhibit NO3- uptake since more energy is
required to use NO3- than NH4+ (Babitch et al., 2021; Dodds et al., 1991; Glibert et al.,
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2016; L'Helguen et al., 2008). In a bottle incubation study with labeled N, Dodds and
others (1991) found that increased ammonium lowered nitrate uptake by phytoplankton
in oligotrophic lake water. Babitch and others (2021) used a whole ecosystem nitrate
isotope tracer approach, showing minimal assimilation of NO3- and high use of NH4+
across phytoplankton. Similarly, in our 2017 study, initial NH4+ concentration was shown
to be a significant, negatively correlated covariate to NO3- uptake, and it appears that at
NH4+ concentrations higher than 0.25 mg/L, little NO3- uptake occurs (Figure 2.6). It is
interesting that in the 2018 Bear River Bay study, the NO3- uptake was not correlated to
initial NH4+ concentration. However, the site also had higher variability in measured rate
constants and water that was much more shallow.
There was a dramatic decrease in the NO3-N concentration found in the +
Ambient Nutrient treatment mesocosms at BRMBR in 2018 (Figure 2.8). Five days after
the high NO3-N treatment was applied (May 30), the average NO3-N concentration
among the three replicates was 43.9 mg/L. One week later (Jun 6), the average NO3-N
concentration in the same mesocosms was down to 0.012 mg/L. This remarkable draw
down of nitrate is likely the result of assimilation and/or denitrification. Choi and others
(2013) found a similar result in a mesocosm study with rice paddy soils. Inflow waters
with an average of 45 mg L-1 were reduced to near 0.1 mg L-1 within about three days
(Choi et al., 2013). The nitrate removal occurred in oxic conditions, so it was attributed to
immobilization, which has been shown to quickly and efficiently occur in oxic
environments (Berntson & Aber, 2000; Stark & Hart, 1997). In our study, the % D.O.
saturation fell below 30% on seven days during the time that the nitrate was rapidly
declining, making it likely that anoxic conditions were present favoring denitrification
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(Figure 2.10). Deng and others (2020) found that denitrification rates were negatively
correlated with water velocity, and the stagnant waters within our mesocosms would have
been ideal for denitrification to occur.
Nutrient uptake rate constants varied by date measured for NO3-N uptake but not
PO4-P uptake for both studies. In the 2017 study, the NO3-N uptake rate constant was
significantly higher on the first repeated measure compared to the second two (Figure
2.5A). The rate constant generally decreased with time. However, in the 2018 study, the
NO3-N uptake rate constant was significantly lower on the first repeated measure
compared to the second two measures (Figure 2.5B). Though there was no significant
correlation between abiotic factors like temperature, depth, and salinity with nitrate
uptake at either site, there appears to be another factor that is affecting nitrate uptake on
different days. Nitrate uptake has been shown to be faster at higher irradiances,
potentially because N sources are depleted with increasing photosynthetic activity
(Nishihara et al., 2005). Irradiance is likely an important characteristic to measure in
future studies.
The variability in nutrient uptake rate constants measured among mesocosms
suggests that one mesocosm/nutrient pulse measurement may not be representative of
nutrient uptake in a submerged wetland. Increasing the pulse nutrient amount may reduce
some variability by moving the samples to an ideal level for lab analysis, however, the
uptake rate for both N and P increases with increases nutrient pulse concentration
(Delaune & Jugsujinda, 2003; Shardendu et al., 2012). Further work should be done to
identify the ideal nutrient pulse concentration for these measurements. We also
performed an isotope dilution experiment to determine if the net uptake rate
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measurements were indicative of gross uptake rates of NO3-. If gross NO3- production
were high, it could confound the uptake of NO3- over the period of measurement.
However, we found that gross NO3- production was typically two orders of magnitude
below gross consumption, and can therefore be ignored as causing an error in estimation
of uptake rate constants (Tables S2, S3).
Overall, this method provides a way to estimate nutrient assimilative capacity in
wetland impoundments, making it possible to better understand how nutrients affect
wetland functioning. Having the ability to measure assimilative capacity can form the
basis of future studies to identify site-specific water quality standards. Finally, based on
our experiments, nutrient assimilative capacity did not show a response to SAV removal,
increased salinity, aluminum sulfate treatment, or increased ambient N and P levels. We
did find significant differences among rate constants between repeated measures,
showing that we can detect differences through this method and that there is another
factor which is affecting the nutrient uptake rate constants. We found the wetlands to be
capable of a high amount of nitrate removal, as shown in the dramatic decrease of nitrate
in the high nutrient treatments of our 2018 study. However, we also found evidence that
there is little nitrification happening in the wetlands, limiting their potential for N
removal.
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Tables and Figures

Table 2.1. General characteristics (± SE where applicable) of the wetland impoundments
at Farmington Bay Waterfowl Management Area (FBWMA) and Bear River Migratory
Bird Refuge (BRMBR).
FBWMA

BRMBR

Experiment Location, WGS84

40.931336, -111.947320

41.422208, -112.258041

Year of study

2017

2018

Surface Area, km2

5.03

3.25

Depth, cm

40–45

10–15

Vegetation type

Submerged aquatic

Little/none

Average daily change in %
D.O. Saturation*

248

301

Specific conductance*, dS/m

2.5

13.5

NO3-N, mg/L

0.0047 ± 0.001

0.0064 ± 0.002

NH4-N, mg/L

0.063 ± 0.006

0.12 ± 0.02

PO4-P, mg/L

0.21 ± 0.03

0.60 ± 0.15

Sediment % OM

8.1

3.4

Sediment % Sand

26.9

12.9

Sediment % Silt

49.9

44.0

Sediment % Clay

23.2

43.1

Sediment NH4-N, mg/kg

120 ± 13

23 ± 3

Sediment NO3-N, mg/kg

2.0 ± 0.1

3.7 ± 0.4

*Measured during the first week of the study
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Table 2.2. Nitrate-N (FBWMA, 2017) Analysis of Deviance Table (Type III Wald F tests
with Kenward-Roger degrees of freedom)
F

Degrees of

Residual

Freedom

DF

P

Significance

***

(DF)
(Intercept)

93.883

1

14.6328

<0.001

Treatment

1.5999

3

5.2932

0.641

Repeat

4.8664

2

18.3728

0.020

*

Initial NH4-N

20.4156

1

13.4004

<0.001

***

6

15.6766

0.678

Treatment:Repeat 0.6670

Significance codes: 0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1
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Table 2.3. Phosphate-P (FBWMA, 2017) Analysis of Deviance Table (Type III Wald F
tests with Kenward-Roger degrees of freedom)
F

Degrees of

Residual

Freedom

DF

P

Significance

*

(Intercept)

48.6274

1

2

0.020

Repeat

0.7123

2

16

0.505

Treatment

0.0831

3

6

0.967

Treatment:Repeat 0.4336

6

16

0.846

Significance codes: 0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1
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Table 2.4. Nitrate-N (BRMBR, 2018) Analysis of Deviance Table (Type III Wald F tests
with Kenward-Roger degrees of freedom)
F

Degrees of

Residual

Freedom

DF

P

(Intercept)

0.664

1

2

0.501

Treatment

0.103

2

4

0.904

Repeat

12.2

2

12

0.001

4

12

0.617

Treatment:Repeat 0.683

Significance codes: 0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1

Significance

**
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Table 2.5. Phosphate-P (BRMBR, 2018) Analysis of Deviance Table (Type III Wald F
tests with Kenward-Roger degrees of freedom)
F

Degrees of

Residual

Freedom

DF

P

Significance

*

(Intercept)

37.9

1

2

0.025

Repeat

0.377

2

12

0.694

Treatment

1.22

2

4

0.386

Treatment:Repeat 2.07

4

12

0.148

Significance codes: 0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1

46

Figure 2.1. Map of study locations in northern Utah, USA: Farmington Bay Waterfowl
Management Area (FBWMA, 2017) and Bear River Bay Migratory Bird Refuge
(BRMBR, 2018).
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Figure 2.2. Diagram of mesocosm placement in the wetland impoundment. The
mesocosms are cylindrical in shape and open to the sediment, with a diameter of 1.94 m
and a height of 0.85 m.
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Figure 2.3. Example time course of PO4-P in one of the mesocosms at FBWMA before
treatments were added (2017).
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Figure 2.4. A. 2017- Nitrate and phosphate uptake rate constants by treatment in study at
FBWMA (3 repeated measures with 3 replicates of each treatment), n=36. B. 2018Nitrate and phosphate uptake rate constants by treatment in study at BRMBR (3 repeated
measures with 3 replicates of each treatment), n=27. The box limits correspond to the
25th and 75th percentiles, and the center line shows the median. The whiskers extend from
the hinge to the furthest value at most 1.5 times the interquartile range.
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Figure 2.5. A. 2017 - Nitrate and phosphate uptake rate constants by date in study at
FBWMA, n=36. B. 2018 - Nitrate and phosphate uptake rate constants by date in study at
BRMBR, n=27. The box limits correspond to the 25th and 75th percentiles, and the center
line shows the median. The whiskers extend from the hinge to the furthest value at most
1.5 times the interquartile range.
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Figure 2.6. Initial ammonium-N concentration found within mesocosms compared to
nitrate uptake rate constants in the 2017 study at FBWMA, n=36.
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Figure 2.7. Mesocosm chlorophyll α present at the end of the study at FBWMA (A), n=12
and BRMBR (B), n=9. The box limits correspond to the 25th and 75th percentiles, and the
center line shows the median. The whiskers extend from the hinge to the furthest value at
most 1.5 times the interquartile range.
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Figure 2.8. Initial nitrate (log scale) found in mesocosms over time (BRMBR, 2018). May
25 shows nitrate concentrations before treatment application, and the following dates
show nitrate concentration after treatment application.
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Figure 2.9. Initial phosphate found in mesocosms over time (BRMBR, 2018). May 25
shows phosphate concentrations before treatment application, and the following days
show phosphate concentration after treatment application.
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Figure 2.10. D.O. % Saturation (BRMBR, 2018) in the + Ambient Nutrient treatment
mesocosms from treatment application on May 25 to Jun 6. The horizontal line denotes
30% D.O. saturation.
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Supplemental Material

Table S1. SAV biomass (2017) in mesocosms.
Treatment

Block

Biomass (g)

Control
Control
Control
- Ambient Nutrient
- Ambient Nutrient
- Ambient Nutrient
- SAV
- SAV
- SAV
+ Salinity
+ Salinity
+ Salinity

1
2
3
1
2
3
1
2
3
1
2
3

167
360
370
146
437
304
11
68
4
327
357
271
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Table S2. Gross consumption rate of nitrate at Farmington Bay.
Treatment

Count

Mean (µg N/L/h)

SD

Control

3

-1.19

38.6

- Ambient Nutrient

3

71.5

27.3

- SAV

3

16.4

23.8

+ Salinity

3

47.7

49.7

Overall

12

33.6

42.6
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Table S3. Gross production rate of nitrate at Farmington Bay.
Treatment

Count

Mean (µg N/L/h)

SD

Control

3

0.701

1.06

- Ambient Nutrient

3

-0.0488

0.781

- SAV

3

0.379

0.454

+ Salinity

3

0.621

0.384

Overall

12

0.413

0.689
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Figure S11. Nitrate-N uptake measured in mesocosms prior to
treatment application at Farmington Bay WMA, 2017.
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Figure S2. Nitrate uptake measured in mesocosms prior to treatment application at Bear
River Migratory Bird Refuge, May 25, 2018.
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Figure S3. Phosphate uptake measured in mesocosms prior to treatment application at
Farmington Bay WMA, 2017.
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Figure S4. Phosphate uptake measured in mesocosms prior to treatment application at
Bear River Migratory Bird Refuge, 2018.
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Figure S5. Initial phosphate found in -Ambient Nutrient treatment mesocosms over time
(2017). July 18 shows phosphate concentrations before treatment application, and the
following days show phosphate concentration after alum addition.
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CHAPTER III. ASSESSING NUTRIENT REMOVAL BY WETLAND
IMPOUNDMENTS ACROSS ENVIRONMENTAL GRADIENTS
Buck, R. L. and M. A. Baker
Abstract
Wetland impoundments are constructed for recreational and conservational purposes. In
impoundments, the water level can be carefully controlled, producing ideal conditions for
aquatic plant growth to support of migratory birds or other management goals. These
wetlands also perform a critical function of nutrient assimilation, with the capability to
provide protection to downstream waters from eutrophication. However, how the
structural characteristics of wetlands are related to this functional capacity within shallow
impoundments is poorly known. We characterized 18 waterfowl impoundments
surrounding the Great Salt Lake, UT. Wetland assimilation of nitrogen (N) and
phosphorus (P) was estimated at each wetland by controlled nutrient addition within
mesocosms. In addition, a multimetric index (MMI), an indicator of the biological quality
of the wetland (percent SAV cover, percent algal mat cover, and biodiversity and
abundance of benthic macroinvertebrates), was used to assign condition classes to each
wetland impoundment. We found that N assimilation was inversely correlated with water
depth and positively correlated with soil % clay and total iron. Phosphorus assimilation
was related to dissolved oxygen, aluminum, and N and P concentrations within the water
column and soil. Nutrient assimilation did not differ among wetland condition classes.

Keywords: wetland, assimilation, nutrient, mesocosm, bioassessment
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Introduction
The Great Salt Lake (GSL) is the largest terminal saline lake in the Western
Hemisphere and is the largest inland body of water along the Pacific flyway, a major
pathway for migratory birds in the Americas (Cohenour & Thompson, 1966; Kijowski et
al., 2020). The lake is surrounded by approximately 145,000 ha of non-estuarine tidal
wetlands, most of which are wetland impoundments that are hydrologically managed to
support submergent aquatic vegetation, an important food source for the 4–6 million
waterfowl and other migratory birds that frequent the region (Downard & Endter-Wada,
2013; Downard et al., 2014). Because of their ecological importance, efforts are
underway by the state of Utah’s Division of Water Quality (UDWQ) to protect the
integrity of these wetlands.
Multi-metric indices (MMIs) are widely used to make integrative assessments of
ecological integrity using structural (biological, chemical, and physical) properties of an
ecosystem (Bolding et al., 2020; Schoolmaster Jr et al., 2012; Stoddard et al., 2008).
Freshwater invertebrates are commonly used to assess biological condition of aquatic
systems, including wetlands. For example, Lu and others (2019) developed MMI based
on aquatic invertebrates which was used to assess floodplain wetland condition.
Vegetation is another indicator of wetland ecological integrity and was used to develop a
MMI for the coterminous United States using data collected as part of the US
Environmental Protection Agency’s National Wetland Condition Assessment (Magee et
al., 2019). To assess overall quality of impounded wetlands surrounding the Great Salt
Lake, the UDWQ developed a MMI that integrates the condition of submerged aquatic
vegetation, surface algal mats, and benthic macroinvertebrates (CH2M Hill, 2009). While
useful as a tool to prioritize management needs, assessment tools like MMIs are not
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comprehensive descriptors of wetland condition, and it is unknown whether assessments
of wetland ecological condition based on structural attributes predict important wetland
functions like nutrient removal.
Wetlands perform many important ecosystem functions including storage of
surface water, streamflow maintenance, sediment retention, provision of fish and wildlife
habitat, and nutrient transformation/retention (Tiner, 2005). Wetland retention of nitrogen
(N) and phosphorus (P) (the difference between inputs and outputs) is especially
important because it protects downstream waters from eutrophication. Baron and others
(2013) found that 64% of reactive N removal in freshwater ecosystems of the United
States occurs in wetlands. Nitrogen is removed from water within wetlands through
denitrification, biological uptake by plants and microorganisms, and sedimentation of
organic particulates (Saunders & Kalff, 2001). The primary removal pathways for P are
slightly different. Phosphorus remains in the phosphate (PO43-) form through assimilation
and decomposition, and the primary phosphorus removal processes in wetlands are
chemical sorption, precipitation, biological uptake, and soil accretion (Vymazal, 2007).
Consequently, constructed wetlands are strategically placed to take advantage of these
important nutrient removal functions (Díaz et al., 2012; Vymazal, 2007).
Despite their importance in nutrient removal, wetlands are understudied at
regional, landscape and global scales of nutrient cycling, partly because determining
nutrient removal rates like denitrification requires an altered approach in diverse
environments and at different scales (Groffman et al., 2006). In addition, instead of direct
measurements, nutrient removal rates in wetlands are frequently estimated from the
inputs and outputs of total N and P (Cheng & Basu, 2017). Further, most field studies
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have concentrated on individual wetlands, and it is unknown if the findings apply at a
regional scale of wetlands that are hydrologically connected within a catchment (Cheng
& Basu, 2017). Accordingly, we need a better comprehension of how wetland area, type,
landscape position, and morphometry alter wetland capacity for nutrient processing
(Marton et al., 2015). Cheng and Basu (2017) explored nutrient retention potential across
wetlands of different sizes and types. Their study, for the first time, quantified the
disproportionately large role smaller wetlands (<316 m2) can play in landscape nutrient
processing (Cheng & Basu, 2017). Mesocosms may provide an effective method to
directly measure ecosystem functions like nutrient assimilation in shallow lakes and
wetland ponds. Mesocosms are intermediate-sized environmental enclosures that are
commonly used for research in aquatic ecosystems (Odum, 1984). Additionally,
mesocosms make it possible to conduct controlled manipulative experiments in the
natural environment. For example, Wang and others (2006) used experimental
mesocosms to study the effect of nutrient additions of phytoplankton growth in addition
to estimating nutrient uptake kinetic parameters. Tavsanoglu and others (2017)
established mesocosms within a shallow lake to show how nutrient and water level
variability effects zooplankton community taxonomic structure. In our study, we used
wetland mesocosms to measure nutrient assimilation kinetics.
Our study goal was to determine which wetland characteristics are most related to
how well impounded wetlands assimilate nitrogen and phosphorus. Specifically, our
objective was to relate wetland function (nutrient removal) to measures of wetland
structure across environmental gradients. Our second objective was to evaluate whether
or not the MMI developed by CH2M Hill (2009) to assess wetland condition class
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predicts nutrient assimilation functioning. We hypothesized that sites identified as poor
may have impaired function in nutrient retention. Finally, understanding the relationship
between wetland condition and function can help to inform appropriate water quality
standards that should be kept to maintain wetland quality.

Methods
We collaborated with the Utah Division of Water Quality (UDWQ) to identify 18
previously studied impounded wetland sites which captured the range of environmental
conditions that we expected to be important drivers of wetland sensitivity to cultural
eutrophication. The impoundments were studied during the summer when they were
flooded with depths ranging from approximately 15–70 cm among the impoundments
(Table 3.1). The majority of sites were from Bear River, Ogden, and Farmington Bay
wetland complexes surrounding the Great Salt Lake, Utah (Figure 3.1).
At each site, a mesocosm was installed to provide an intermediately-sized
environmental enclosure where nutrient concentrations could be manipulated within
wetland ponds. The mesocosms used in this study were made of a clear plastic
(polycarbonate resin thermoplastic) and were cylindrical in shape, with a diameter of 1.94
m and a height of 1 m (Figure 2.2). One mesocosm was installed firmly in the soil at each
site, to a depth of approximately 30 cm between June and August (working with one site
at a time). The mesocosm was deployed at each site for approximately 48 hours before
sampling and assessment.
In order to estimate nutrient assimilative capacity, we performed an experimental
pulse release of nutrients (Tank et al., 2008). Nutrients were released as nitrate (NaNO3)
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and phosphate (KH2PO4), at 0.1 mg N, P L-1 doses and mixed into the water column.
Water samples were collected from each mesocosm before the nutrient addition and at
15, 30, 45, 60, 75, 90, 105, 120, 150, 180, 210, and 240 minutes after addition to measure
the decline in water column nutrients. The samples were filtered in the field (Whatman
glass fiber filter size GF/F, Maidstone, UK), stored on ice until return to the lab when
they were frozen until analysis for NO3-N and PO4-P concentration.
Additionally, wetland condition was assessed through sampling across a 100 m
transect, with the first point of the transect being next to the mesocosm. Measurements
were taken at 0, 25, 50, 75, and 100 m along the transect. We measured pH, specific
conductance, and temperature on site using a handheld meter (Pro1030, YSI Inc., Yellow
Springs, OH, USA). Dissolved oxygen was measured on site using an optical meter
(ProODO, YSI Inc., Yellow Springs, OH, USA). Water samples were taken to measure
dissolved organic carbon (DOC), NO3-N, NH4-N, SRP, Total N and P, and dissolved
elements, and as above, samples (except for total N and P) were filtered in the field,
stored on ice, and then frozen until analysis. Water sample analyses were conducted at
the USU Aquatic Biogeochemistry Laboratory and the BYU Environmental Analytical
Laboratory. DOC was quantified using catalytic oxidation (TOC/TN-L, Shimadzu
Scientific, Kyoto, Kyoto Prefecture, Japan). Micro-segmented flow analysis was used to
determine NO3-N, NH4-N, and orthophosphate-P (Astoria Analyzer, Astoria-Pacific,
Clackamas, OR). The concentration of NO3-N was determined using the cadmium
reduction method (U.S. Environmental Protection Agency, 1993b), and the concentration
of NH4-N was determined by the phenol-sodium nitroprusside method (U.S.
Environmental Protection Agency, 1993a). Orthophosphate was measured using the
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molybdenum blue method (U.S. Environmental Protection Agency, 1993c). Total N and
P were converted to NO3 and PO4 by persulfate digestion (Ameel et al., 1993) and the
concentrations determined using micro-segmented flow as described above (Astoria
Analyzer, Astoria-Pacific, Clackamas, OR). Dissolved elements (Al, Ca, Fe) were
determined by ICP-OES (iCAP 7400, Thermo Scientific, Waltham, MA, USA).
We sampled submerged aquatic vegetation (SAV), soil, chlorophyll a, algae (if
present), zooplankton, and benthic macroinvertebrates at 0, 25, 50, 75, and 100 m across
transects at each site. The percent cover of SAV and algae was recorded at each location.
SAV samples were analyzed for total N, total P, and percent ash. Total N in SAV and
total C and N in soil samples was determined by combustion (McGeehan & Naylor,
1988; TruSpec CN Determinator, LECO Instruments, St. Joseph, MI, USA). Total P in
SAV and total P, Ca, Fe, and Al in soil samples was determined by nitric-hydrogen
peroxide microwave digestion (Ethos EZ, Milestone, Shelton, CT, USA) followed by
quantification with ICP-OES (iCAP 7400, Thermo Scientific, Waltham, MA, USA). Soil
% organic matter was determined by dichromate oxidation (Walkley & Black, 1934), and
soil texture was analyzed by hydrometer (Gee & Or, 2002). Chlorophyll a was extracted
from filters using hot ethanol and analyzed using a fluorometer (Hauer & Lamberti,
2006). Benthic macroinvertebrates were sampled with five x 1 m sweeps using a 500 µm
D-net. Zooplankton was collected with five x 5 m tows (radial) using a Wisconsin net
(153 µm mesh size). Identification and enumeration of species were conducted by the
BLM/USU National Aquatic Monitoring Center Bug Lab at Utah State University.
We assessed wetland quality through a multimetric index (MMI) that was
developed by the Utah Division of Water Quality (CH2M Hill, 2009). The MMI is based
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on three areas related to habitat quality for waterfowl and the necessary food chain. A
high-quality wetland by this metric would have extensive beds of SAV, low incidence of
surface algal mats, and diverse macroinvertebrate communities. The characteristics used
were percent SAV cover and percent algae cover, as well as the composition of benthic
macroinvertebrate communities. The composition includes Simpson’s Index (SI) of
invertebrates and the relative abundance of invertebrates anticipated to be strongly
correlated with SAV (PMI). PMI includes the following taxonomic groups:
Ephemeroptera (mayflies), Odonata (dragonflies and damselflies, excluding the genus
Aeshna), Hesperocorixa spp., Ylodes sp., and Gyraulus (Gray, 2009, 2012, 2013).
For each characteristic, the relative value across sites was calculated by dividing
the mean (of five transect observations) obtained at the site by the geometric mean across
all measured sites. A metric was created by rescaling the data that ranged from 100
(representing high water quality) to 0 (representing poor water quality). For variables
with values expected to decrease with decreasing water quality (SAV cover and
macroinvertebrate diversity), the site value was divided by the maximum concentration
across all sites and then multiplied by 100. For variables that increase with decreasing
water quality (algae cover), the same process was followed except the final value was
subtracted from 100 so that lower scores indicate poorer water quality (CH2M Hill,
2009). The metrics were then rescaled using the following equation so that the site with
the best water quality received a score of 100.
𝑀𝑀𝑀𝑀𝑀𝑀𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 =

𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑎𝑎𝑎𝑎𝑎𝑎
× 100
𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 𝑜𝑜𝑜𝑜 𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑎𝑎𝑎𝑎𝑎𝑎 𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎 𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠

Finally, all three MMI parameters (SAV cover, algae cover, macroinvertebrates)
were averaged to obtain the overall MMI metric. Classes were assigned based on the
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relative quality of wetland impoundments found during a large, randomized impounded
wetland assessment by the Utah Division of Water Quality in 2012 (UDWQ, 2014). Sites
with an MMI score greater than or equal to the 75th percentile were ranked as ‘Good’
quality, below the 25th percentile were ranked as ‘Poor ‘quality, and all others were
ranked as ‘Fair.’
Statistical analysis
The decline in NO3-N and PO4-P over time within mesocosms was modeled as
first-order decay, which has been shown to accurately describe nutrient removal in
wetland mesocosms (Messer et al., 2017). We plotted the natural log concentration of N
and P vs. time and determined the first-order rate constant (i.e. the nutrient removal rate
constant) from the slope of the regression line. The rate constant was used as a measure
of nutrient assimilation.
We tested the hypotheses of relationships between the measured biological,
geochemical, and physical characteristics with NO3 and PO4 assimilation rate constants
and the MMI. We used Spearman’s rank correlation coefficient because it is a
nonparametric measure and is not sensitive to outliers (Zar, 1972). We set alpha to 0.10
and conducted the analysis using IBM SPSS Statistics version 28.0 (IBM Corp, 2021).
Finally, a Kruskal-Wallis test was performed to determine if there were
differences among MMI class groups (“Good”, “Fair”, “Poor”) and measured nutrient
assimilation rate constants for NO3 and PO4. The test was performed in R using the base
R function kruskal.test (R Core Team, 2020).
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Results
The impounded wetlands sampled represent a gradient in characteristics. The
surface areas ranged from 6.99 to 3209.85 ha with depths from shallow (13.8 cm) to
relatively deep ponds (73.8 cm; Table 3.1). The wetlands also ranged from freshwater to
saline with specific conductance values varying from 0.7 to 11.6 dS/m (Table 3.1). The N
and P concentrations were generally high in all of the measured impoundments, with
0.051 mg/L total water column P as the lowest measured and 0.175 mg/L the median
total P (Table 3.1). Total N in the water column ranged from 0.85 to 4.45 mg/L (Table
3.1). The NO3 assimilation rate constants ranged from 0.05 to 1.21 d-1 with a median
value of 0.28 d-1 (Figure 3.2). the PO4 assimilation rate constants were generally lower
than NO3 and ranged from 0.005 to 0.95 d-1 with a median of 0.08 d-1 (Figure 3.3).
Through Spearman’s rank correlation coefficient, we found the following wetland
characteristics to be related to the NO3 assimilation rate constant. Nitrate assimilation
was strongly inversely correlated with water depth (ρ(18) = -.65, p < .01) and was
positively associated with soil % clay (ρ(18) = .55, p < .05) and total Fe (ρ(18) = .41, p <
.10).
The PO4 assimilation rate constant was positively correlated with % DO
saturation in the water column (ρ(18) = .41, p < .10) and dissolved Al (ρ(18) = .44, p <
.10). Phosphate assimilation was negatively correlated with many of the nutrient
concentrations. For example, PO4 assimilation rate constant was inversely correlated with
water column dissolved NO3-N (ρ(18) = -.46, p < .10), soluble reactive P (ρ(18) = -.61, p
< .01), and total P (ρ(18) = -.43, p < .10). It was also inversely correlated with soil total N
(ρ(18) = -.44, p < .10) and total P (ρ(18) = -.73, p < .01).
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The MMI which is calculated from macroinvertebrate diversity, SAV cover and
algae cover was positively associated with specific conductance (ρ(18) = .51, p < .05). It
was also significantly inversely associated with soil total Fe (ρ(18) = -.59, p < .05), soil
total P (ρ(18) = -.42, p < .10), and water column total P (ρ(18) = -.43, p < .10).
Chlorophyll a was strongly, inversely correlated with % SAV cover (ρ(18) = -.65, p <
.01). The wetland sites were relatively evenly spread according to MMI condition class
with six “Good”, eight “Fair”, and four “Poor” (Table 2). In contrast to our hypothesis,
the wetland condition class defined by the MMI did not demonstrate any effect on NO3
assimilation (Kruskal-Wallis H(2) = 1.26, p = .53; Figure 3.4). Similarly, there was no
demonstrated effect of MMI class on PO4 assimilation (Kruskal-Wallis H(2) = 0.81, p =
.67; Figure 3.5). Finally, the majority of wetland impoundments (66%) had a higher MMI
score in 2018 compared to the previous assessment by UDWQ in 2012 (Figure 3.6).

Discussion
Our experiment goals were to 1) determine which wetland characteristics are
associated with short-term NO3 and PO4 assimilation and 2) evaluate whether NO3 and
PO4 assimilation differs among groups of sites determined to be good, fair, or poor in
terms of habitat quality for waterfowl. We also wanted to see how our measured nutrient
assimilation rate constants compare to others measured within natural wetlands. Cheng
and Basu (2017) completed a meta-analysis with articles providing information on
hydraulic residence time and input/output nutrient concentrations and mass loads. They
calculated an overall removal rate constant based on a continuously stirred tank reactor
(CSTR) model (Cheng & Basu, 2017; Spieles & Mitsch, 1999; Vollenweider, 1975). For
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natural wetlands, they reported 1.009 d-1 for NO3 and 0.190 d-1 for PO4. Our measured
nutrient assimilation rate constants ranged from 0.05 to 1.21 d-1 for NO3 and 0.005 to 0.95
d-1 for PO4. Most of our measured values were lower than the removal rate constants
reported in their study, however, the values they reported fall within the range of values
we measured from wetland impoundments.
As wetlands are continuously loaded with P, the capacity for P assimilation
decreases (Reddy et al., 1995; Richardson et al., 1996), and wetlands more heavily loaded
with P may provide close to zero removal of P (Kadlec, 1999). In agreement with these
findings, we found that higher SRP, water column total P, and soil total P were related to
lower PO4 assimilation rate constants. In addition, we found NO3 assimilation rate
constants to be higher than PO4, similar to our findings in our mesocosm experimental
manipulation (Chapter II). Similar results were found in Louisiana, where nutrient
assimilation was found to be highest for nitrate, intermediate for ammonium, and lowest
for phosphate in a forested wetland (Brinson et al., 1984). We also found that PO4
assimilation was positively correlated with the concentration of dissolved Al in the water
column. This finding is expected as Al is commonly used to precipitate P in wastewater
treatment and remediation efforts (De-Bashan & Bashan, 2004; Liu et al., 2009). We also
found a positive association of PO4 assimilation with % DO saturation. This is possibly
due to more P uptake occurring when primary producers are active. Hourly in situ
measurements of SRP in a large river in Florida showed a strong correlation to DO
variation, suggesting photosynthetic organisms are controlling the SRP concentration
directly through uptake or indirectly through geochemical reactions (Cohen et al., 2013).
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Factors commonly attributed as being important to nutrient reduction in wetlands
include oxygen concentration, redox, and water logging of soil as well as vegetation
processes and hydraulic loading and retention time (Fisher & Acreman, 2004). We found
NO3 assimilation to be negatively correlated with water depth. Similar findings have been
reported in isotope tracer studies in streams (Botter et al., 2010; Ye et al., 2012). This
relationship may found because shallow waters are especially effective at NO3 removal
through coupled nitrification-denitrification (Penton et al., 2013; Racchetti et al., 2017;
Xia et al., 2017). It may also be related to higher soil surface to water ratio and increased
interactions with soil. NO3 assimilation was also positively associated with % clay which
could include more anoxic microsites for denitrification to occur. Kunickis and others
(2010) studied the relationship between soil texture and redox potential within riparian
buffers. They found that clay textured soils provided lower redox values that were within
the range for denitrification to occur (Kunickis et al., 2010).
Phosphate and NO3 assimilation were found to be correlated with abiotic
variables, including depth, soil texture, and nutrient concentrations. However, they were
not correlated with any biotic variables like % aquatic plant cover, chlorophyll a, or
macroinvertebrate diversity. Differences in plant community composition have been
shown to significantly affect N removal (Weller et al., 2016); however, we only assessed
the % cover of aquatic plants as a factor, and the aquatic plants found within these
impoundments were predominantly Stuckenia pectinata. NO3 and PO4 assimilation were
also not different among our calculated MMI condition classes, contrasting our
hypothesis that high quality wetlands in terms of waterfowl habitat would also have a
high nutrient removal capacity. Our previous mesocosm manipulation experiment within
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wetland impoundments showed that the removal of aquatic plants did not change NO3
and PO4 assimilation rate constants (Chapter II), so the lack of correlation between %
aquatic plant cover and NO3 and PO4 assimilation is in line with this finding.
Stapanian and others (2016) found that an index of vegetation biological integrity
was lower in emergent wetlands with high concentrations of plant available P in the soil.
The MMI used in this study, an index representing % plant cover, % algae cover, and
macroinvertebrate diversity, was inversely correlated with soil total P and water column
total P, supporting a well-documented phenomenon that increased P leads to reduced
plant cover and eutrophication of water bodies. There was a significant, inverse
relationship between % aquatic plant cover and chlorophyll a concentration, supporting
the finding in our previous chapter where mesocosms receiving the aquatic plant removal
treatment had significantly increased chlorophyll a concentrations (Figure 3.4).
Further elucidation of patterns controlling nutrient assimilation or removal in
wetland impoundments is needed in future research. Percent removal of N and P could be
determined at multiple points in time and space, giving a clearer picture of overall
patterns. For example, in a meta-analysis, the authors showed that most studies reported
wetlands as a sink for nutrients, except those that were conducted over a year or more or
that involved frequent sampling during high flow events (Fisher & Acreman, 2004). Our
results suggest that abiotic variables including nutrient concentrations within the water
column and soil, dissolved oxygen, water depth, and soil texture should be measured in
addition to nutrient assimilation or removal.
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Tables and Figures
Table 3.1. Selected characteristics of the impounded wetland sites.
Site

Area
(ha)

Depth
(cm)

1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16
17
18

28.62
3209.85
19.76
501.53
23.5
13.76
743.91
147.64
257.92
103.58
26.52
68.93
33.45
6.99
98.76
62.58
324.32
23.07

34.4
15.4
39.8
13.8
41.8
59.0
48.2
35.8
73.8
37.6
27.2
32.4
29.9
27.0
27.8
38.8
26.3
16.4

Macroinvertebrate
Simpson
Diversity
0.80
0.39
0.56
0.64
0.84
0.61
0.78
0.41
0.82
0.81
0.82
0.82
0.55
0.74
0.83
0.46
0.75
0.06

%
SAV
Cover

%
Algae
Cover

100
90
94
43
73
9.4
84
80
68
51
77
80
77
84
98
0
93
0

0
0
5
2
0.2
0
40
31
9.6
23
0.4
0
0.4
1.4
5.8
0
0.6
0

Specific
Conductance
(dS/m)
5.40
11.6
3.44
3.06
4.13
0.654
1.77
1.80
2.14
1.86
1.79
1.25
0.949
0.974
2.03
0.714
3.47
1.40

Total N
(mg/L)

Total
P
(mg/L)

0.85
1.92
1.13
1.08
1.54
0.89
0.81
2.99
1.58
0.84
1.81
1.40
1.95
1.23
1.08
4.45
3.06
2.86

0.059
0.051
0.087
0.169
0.067
0.103
0.093
1.33
0.183
0.181
0.895
0.102
0.421
0.124
0.181
0.578
0.185
1.39
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Table 3.2. Multimetric indices results and condition classification.
Site
1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16
17
18

MMI
95.0
73.5
75.5
58.7
90.8
50.2
57.5
43.6
76.0
54.0
87.6
84.7
72.5
80.4
90.5
42.5
83.9
34.5

Condition Class
Good
Fair
Fair
Fair
Good
Poor
Fair
Poor
Fair
Fair
Good
Good
Fair
Fair
Good
Poor
Good
Poor
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Figure 3.12. Impounded wetland sites surrounding the Great Salt Lake, Utah, USA.
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Figure 3.13. Measured NO3-N assimilation rate constant by site.
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Figure 3.14. Measured PO4-P assimilation rate constant by site.
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Figure 3.4. Nitrate-N assimilation by multi metric index (MMI) condition. Good, n=6,
Fair, n=8, Poor, n=4. The center horizontal line denotes the median, with the box
showing the bounds of Q1 to Q3. The whiskers extend to points that are not outliers.
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Figure 3.5. Phosphate-P assimilation by multi metric index (MMI) condition. Good, n=6,
Fair, n=8, Poor, n=4. The center horizontal line denotes the median, with the box
showing the bounds of Q1 to Q3. The whiskers extend to points that are not outliers.
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Figure 3.6. Comparison of wetland quality assessments through the multimetric index
(MMI) in 2012 and 2018.
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CHAPTER IV. IMPACT OF NITROGEN AND PHOSPHORUS ON
PHYTOPLANKTON GROWTH AND BACTERIOPLANKTON COMMUNITIES IN
WETLAND IMPOUNDMENTS
Buck, R. L., Malmfeldt, M., Norris, A. J., Aanderud, Z. T., and M. A. Baker
Abstract
In shallow lake and pond ecosystems, two alternative regimes may occur over a range of
nutrient concentrations: an oligotrophic, clear water state dominated by aquatic plants,
and a eutrophic, turbid state characterized by high phytoplankton biomass. Nutrient
pollution (commonly phosphorus (P) or nitrogen (N) in the water column) favors the
growth of phytoplankton, reducing water clarity and hindering the growth of submerged
aquatic vegetation. Nutrient thresholds are nutrient concentrations below which
phytoplankton growth is limited; maintaining nutrient concentrations below such
thresholds are likely protective of water quality. The purpose of our project was to
determine which nutrient limits phytoplankton growth (N or P or both), model
phytoplankton growth response to N and P additions, and characterize the response of the
bacterioplankton community to changes in N and P concentration in wetland
impoundments. Two impounded wetlands near the Great Salt Lake, Utah were used as
experimental sites in June 2019. A bioassay study was performed with various nutrient
additions of N and P. At the end of the incubation period, phytoplankton biomass was
estimated using the concentration of chlorophyll a, and growth kinetics were modeled
using the Monod equation. The bacterioplankton community was assessed using
cultivation-independent 16SrRNA sequencing. At both locations, we found that
phytoplankton growth was N limited, and the half-saturation constant identified by the
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growth models was 0.7 mg N L-1. The bacterial communities differed by location,
however, at both sites the most abundant family was Cyanobiaceae (Cyanobacteria) a
picocyanobacterial primary producer. Bacterioplankton communities were generally
insensitive to nutrient conditions above and below the N threshold, but bacterioplankton
evenness decreased in waters receiving above 0.7 mg N L-1. Our results support
management efforts to minimize N, as well as P discharge to these sensitive wetlands.
Keywords: bioassay, threshold, wetland, nitrogen, cyanobacteria
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Introduction
Drastic ecosystem transitions from one persistent regime to another are referred to
as regime shifts (Scheffer & Jeppesen, 2007; Steele, 1996). In shallow lake and pond
ecosystems, two alternative regimes can occur over a range of nutrient concentrations: an
oligotrophic, clear water state dominated by aquatic plants, and a eutrophic, turbid state
with high phytoplankton biomass (Hilt et al., 2017; Phillips et al., 1978; Scheffer et al.,
1993). Aquatic plants keep water clear by reducing suspension of benthic sediment,
providing refuge for zooplankton, reducing nutrient availability for phytoplankton
growth, and releasing toxic allelopathic substances that inhibit algal growth (Gopal &
Goel, 1993). In turn, clear water conditions support the growth of aquatic plants (Scheffer
et al., 1993). The positive feedback between water clarity and aquatic plant abundance
enables shallow lakes and ponds to remain clear despite sudden or gradual increases in
external stresses such as nutrient loading (Hilt et al., 2017). In contrast, once a lake or
pond has shifted to a turbid regime, aquatic plants often do not reestablish because of
reduced light availability due to phytoplankton, as well as sediment disturbance caused
by wave action and benthivorous fish (Hilt et al., 2017; Phillips et al., 2016; Scheffer et
al., 1993). Regime shifts to an alternative state are difficult to predict because they are
usually caused by stochastic external events such as extreme weather (Bertani et al.,
2016), or human causes like trophic manipulations (Carpenter et al., 2011) and cultural
eutrophication (Smith & Schindler, 2009).
Many researchers have focused on finding thresholds—critical nutrient
concentrations that control transition from an oligotrophic to eutrophic state (Carpenter &
Lathrop, 2008). Nutrient thresholds for eutrophication are important indicators of
ecosystem status and aid in forming restoration strategies (Kong et al., 2015; Scheffer et
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al., 2001). When a nutrient threshold is passed, transition to eutrophic conditions is likely
to occur (Walker & Meyers, 2004; C. Xu et al., 2020), so water quality managers
encourage practices to avoid exceeding nutrient thresholds. Threshold values are unique
to each lake or pond ecosystem and are variable because of differences in morphometry,
water temperature, mixing regime, littoral zone vegetation, and sediment
biogeochemistry (Carpenter & Lathrop, 2008). For this reason, water quality standards
are often developed to be site-specific. Nitrogen and P are likely the most important
nutrients associated with thresholds for eutrophication. While the P concentration of a
lake is key to determining its trophic status and is often a limiting nutrient in freshwater
oligotrophic lakes (Downing & McCauley, 1992; Sterner, 2008), excess N (including
organic forms such as urea) also contributes to eutrophication, stimulating harmful algal
blooms (HABs) and toxin production by cyanobacteria (Belisle et al., 2016). Worldwide,
the combined effect of N and P enrichment has increased eutrophication and the spread of
HABs. (Bullerjahn et al., 2016; Glibert et al., 2014; Paerl & Piehler, 2008; Paerl et al.,
2016; Smith, 2003; W. A. Wurtsbaugh et al., 2019). Reviews of whole-lake fertilization
experiments indicate that N and P additions alone often stimulate algal growth, however,
much higher growth occurs when both nutrients are added together (Fee, 1979; Lewis Jr
et al., 2011). As a result, threshold concentrations for both N and P should be considered
to protect water quality.
Excess nutrient loading can result in eutrophic surface waters with cyanobacterial
blooms that can be extensive (Smith, 2003). Cyanobacterial blooms can endanger the
environment and public health through the generation of toxins (Paerl, 1988). For
example, a massive toxic bloom of Microcystis left approximately two million inhabitants
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without drinking water for a week in Wuxi, China (Qin et al., 2010). In a study assessing
the response of cyanobacteria to future climate change, elevated temperatures were
shown to only marginally increase cyanobacteria abundance, while a pulse of nutrients in
addition to warming significantly boosted blooms (Lürling et al., 2018). In addition, total
P, total N, Secchi depth, and temperature have been shown to explain cyanobacteria
biovolume (Melendez-Pastor et al., 2019). Rao and others (2021) also found that
nutrients were responsible for high cyanobacteria abundance and that nutrient control was
more important than increasing inflow for reducing blooms. Salinity is also suggested as
an important factor influencing outbreak blooms of cyanobacteria (Moisander et al.,
2002). Salinity influences the clustering of suspended particles, which affects water
clarity and the depth of photosynthetic activity (Håkanson et al., 2007). Chen and others
(2021) found that salinity along with three nutrient parameters (nitrate (NO3-), phosphate
(PO43-), and silicate (SiO32-)) showed the strongest significant correlation with bacterial
community composition variations.
Wetland impoundments may be especially prone to eutrophication due to nutrient
additions from waterfowl. Wetland impoundments (e.g., diked ponds) are constructed for
recreational and wildlife conservation purposes (Perry et al., 2000). In the impoundments
the use of water control structures allows the creation of shallow habitat (typically 15-60
cm) for waterfowl. Here, dense populations of migratory birds bring allochthonous
nutrients, further increasing the nutrient stress to the ecosystem. In a study at the Bosque
del Apache National Wildlife Refuge in New Mexico, bioassays showed that N was
limiting primary production by phytoplankton within wetland ponds. In addition, geese
enhanced nutrient loading rates in some wetland ponds by up to 40% for total N and 75%
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for total P, while chlorophyll levels increased in proportion to bird numbers (Kitchell et
al., 1999).
Bioassays may provide a way to experimentally determine nutrient thresholds
within wetland impoundments. In the large, eutrophic lake Taihu in China, Xu and
colleagues (2015) performed nutrient dilution and enrichment bioassay experiments. In
this study, incremental amounts of N and P were provided alone or in combination to
identify which nutrient(s) were most limiting, as well as the levels of N and P input
reductions required to control phytoplankton growth and bloom formation. Phytoplankton
growth in response to nutrient additions was modeled using the Monod equation (Monod,
1950), and the threshold concentrations were determined from the response curves (H.
Xu et al., 2015).
We sought to experimentally determine phytoplankton growth responses to N and
P additions within wetland impoundments surrounding the Great Salt Lake, Utah. We
used a simple and repeatable method similar to that used by Xu and others (2015) that is
relevant across environmental gradients. We determined whether the wetland
impoundments studied were limited by N or P and estimated a threshold for
phytoplankton growth based on the Monod model. We hypothesized the phytoplankton
are N limited due to the high P measured within the impoundments (Chapter III).
In addition, we assessed the bacterioplankton community and measured the community
response to nutrient additions above the calculated threshold. Because of the potential for
harmful algal blooms, we were specifically interested in potential changes to the
cyanobacteria community.
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Methods
Location and Ambient Sampling
The Ogden and Farmington Bay Waterfowl Management Areas (WMAs)
collectively contain tens of thousands of acres of wetland habitats including fresh water
ponds, marshes, expansive flats, and open salt water. These WMAs are located on the
eastern shore of the Great Salt Lake, Utah. Farmington Bay receives the majority of its
water from the Jordan River along with municipal and industrial effluent from the Salt
Lake City metropolitan region. Nutrients from seven wastewater plants feed into its
waters either directly or through wetland complexes (W. Wurtsbaugh & Marcarelli,
2006). Ogden Bay is north of Farmington Bay, and it receives the majority of its water
from the Weber and Ogden Rivers. Both the Farmington Bay WMA and Ogden Bay
WMA are recognized as globally important bird areas; hundreds of thousands of water
birds, songbirds, and raptors visit these areas during the migration and nesting seasons.
To establish a baseline of conditions at two wetland impoundments, ambient
water quality was measured immediately prior to the experiment. Water pH, temperature,
and specific conductance were determined on site using a Yellow Springs Instruments
(YSI) multisensor meter (Pro1030, YSI Inc., Yellow Springs, OH, USA). Water samples
were taken and immediately frozen until analysis at the Aquatic Biogeochemistry
Laboratory at Utah State University for total nitrogen (TN), nitrate-N (NO3-N),
ammonium-N (NH4-N), total phosphorus (TP), and soluble reactive phosphorus (SRP).
Samples for dissolved nutrients were filtered prior to storage (Whatman GF/F, Maidstone
UK). Samples were also collected on filters and analyzed for chlorophyll a (Table 4.1).
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Enrichment Bioassay Experiment
To quantify the response of phytoplankton to various N and P concentrations and
assess nutrient limitation, we performed an enrichment bioassay experiment. Two
submergent wetland impoundment sites, one in Farmington Bay WMA and one in Ogden
Bay WMA, were identified. First, approximately 150 L of impoundment water was
collected from each site using a gas-powered water pump. The water was passed through
a Wisconsin net (153 µm mesh size) at the time of collection to remove zooplankton
grazers. Next, the water was continuously stirred using a paddle while dispensed into 1 L
plastic (LDPE) microcosms (Cubitainers, Cole-Parmer EPC 3030). A small amount of
headspace was left in the microcosms, and the microcosms were sealed with a screw top
lid. Phytoplankton growth curves for N and P were established by applying 7 treatment
levels for each nutrient (Table 4.2). The N treatments had a high fixed P concentration
(0.6 mg L-1) so that P was not limiting with variable N concentrations (0-3 mg L-1, Table
4.2). The P treatments were the opposite with a high fixed N concentration (6 mg L-1) and
variable P (H. Xu et al., 2015). There were three replicates of each treatment plus three
control treatments (no nutrients added) for a total of 51 microcosms per site.
Each microcosm was attached to a weight to prevent movement and submerged
approximately two cm below the water surface. Nitrogen starvation was induced for
treatments 1–7 by adding 0.6 mg L-1 of P. Similarly, P starvation was induced for
treatments 9–15 by the addition of 6.0 mg L-1 N (Table 4.2). Phosphorus was added as
KH2PO4 and N as KNO3. To prevent carbon (C) limitation, all of the microcosms
received enough carbon (as NaHCO3) for 100 µg/L of chlorophyll. The nutrients were
applied on the first day of the incubation, and the microcosms incubated in place for three
days (Kitchell et al., 1999).
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At the end of the incubation period, phytoplankton biomass was estimated
through the measurement of chlorophyll a in each replicate. The growth rate constant (µ)
of phytoplankton under various nutrient levels was calculated according to the
exponential growth equation:
𝑋𝑋2
𝑋𝑋1 �
𝜇𝜇 =
𝑇𝑇2 − 𝑇𝑇1
ln �

Where X1 is the chlorophyll a concentration at the initial incubation time point (T1,
average of three replicates), and X2 is the concentration of chlorophyll a at the end time
point (T2, average of three replicates).
The Monod kinetic equation describes specific growth rate constant as a function
of substrate concentration (Monod, 1950). It was used to calculate the maximum growth
rate constant (µmax) and half saturation constant (Ks) which are empirical coefficients
dependent on the species and environmental conditions.
𝑆𝑆
�
𝜇𝜇 = 𝜇𝜇𝑚𝑚𝑚𝑚𝑚𝑚 �
𝑆𝑆 + 𝐾𝐾𝑠𝑠

As represented in the equation, µ is the specific growth rate constant, µmax is the
maximum specific growth rate constant, S is the concentration of the limiting substrate
for growth, and Ks is the half-saturation constant or the value of S when µ/µmax=0.5. For
the purpose of subsequent data analysis, we defined the nutrient threshold, or
concentration below which phytoplankton population growth is reduced, as Ks.
At the conclusion of the study, we sampled each microcosm to access its
condition. Samples were taken to quantify chlorophyll a, TN, NO3-N, NH4-N, TP, and
SRP. Water sample analyses were conducted at the USU Aquatic Biogeochemistry
Laboratory. Chlorophyll a was extracted from filters with hot ethanol and analyzed using
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a fluorometer (Hauer & Lamberti, 2006). Micro-segmented flow analysis was used to
determine NO3-N, NH4-N, and orthophosphate-P (Astoria Analyzer, Astoria-Pacific,
Clackamas, OR). The concentration of NO3-N was determined using the cadmium
reduction method (U.S. Environmental Protection Agency, 1993b), and the concentration
of NH4-N was determined by the phenol-sodium nitroprusside method (U.S.
Environmental Protection Agency, 1993a). Orthophosphate was measured using the
molybdenum blue method (U.S. Environmental Protection Agency, 1993c). Total
nitrogen and total phosphorus were measured by a persulfate digestion (Ameel et al.,
1993) followed by micro-segmented flow analysis for NO3-N and orthosphosphate-P as
described above.
Cyanobacteria and Bacterial Community Determinations
To identify the cyanobacteria and bacteria responding to the varying N and P
levels within the two wetland impoundments, we evaluated bacterial communities
through next generation sequencing of the 16S rRNA gene (Ogata et al., 2020). We
extracted wetland genomic DNA through filtration from ten random wetland treatments
at both locations (2 wetlands × 10 nutrient additions = 20). A modified phenolchloroform Griffiths method was used for DNA extraction (Griffiths et al., 2000) with an
additional proteinase K, lysozyme, and mechanical shearing step. Briefly, wetland water
was filtered through 0.2 μm filters to capture nucleic acids, DNA of the filters was
precipitated overnight at 4°C in a 30% wt/vol PEG-6000 NaCl solution, and DNA pellet
was resuspended in 50 µL of 10mMol Tris at pH 7. The concentration and purity of the
DNA was quantified on a NanoDrop One Microvolume UV-Vis Spectrophotometer with
Wi-Fi (Thermo Fisher Scientific, Waltham, MA USA). The V4 hypervariable region of
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the 16S rRNA gene was PCR amplified using the 515F (Parada) and 806R (Apprill)
primer pairs following the EMP protocol (http://www.earthmicrobiome.org/empstandard-protocols/dna-extraction-protocol/), with slight modifications. The primers were
modified to use standard Illumina TruSeq sequencing primer sequences and a nested PCR
design in which the inner PCR primers amplify the 16S V4 sequence and second PCR
adds the indexes and clustering adapter sequences. The first round of PCR was run in
triplicate, after which the reactions were pooled and diluted 1:50. One µL of the dilution
was then used in a 10 µL reaction with the indexing primers using the same Platinum Taq
Master Mix (Invitrogen, Carlsbad CA) for a second round of PCR. This second PCR used
a Tm (melting temperature) of 63°C and ran for 10 cycles. Cleaned PCR products were
quantified using the Qubit hs-DS-DNA kit (Invitrogen, Carlsbad CA). An equimolar pool
of uniquely barcoded amplicons was paired-end sequenced (2 x 250 bp) on the Illumina
MiSeq platform at the Utah State University Center for Integrated Biosystems.
Downstream analyses of the sequences were performed on the QIIME 2 2021.2
bioinformatic pipeline (Bolyen et al., 2019). Demultiplexed samples were denoised using
DADA2 (Callahan et al., 2016) via the q2-dada2 plugin, chimeras were removed using
UCHIME (Edgar et al., 2011). Phylogenies were constructed with fasttree2 via q2‐
phylogeny (Price et al., 2010) using aligned amplicon sequence variants (ASVs) aligned
with mafft via q2‐alignment (Katoh & Standley, 2013). Taxonomy was assigned to ASVs
using the q2‐feature‐classifier (Bokulich et al., 2018) against Silva Gold database at a
99% similarity cut-off (McDonald et al., 2012). Cyanobacteria species were analyzed by
using taxonomy-based filtering via q2-feature-table (McDonald et al., 2012). The
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samples were rarefied (subsampled without replacement) to 5,000 total sequences per
replicate.
Statistical Analyses
The bioassay chlorophyll a responses at both sites for control (Treatment 17;
Table 4.2), + N (Treatment 9), + P (Treatment 1) and + N + P (Treatment 15) were
analyzed using two-way ANOVA (factors = N, P) in R (R Core Team, 2020). The
treatments were coded by the presence or absence of N and P which made it possible to
examine the interaction between the nutrients (Marcarelli & Wurtsbaugh, 2007). The
growth curves were fitted by nonlinear regression following the Monod model using the
function nlm in base R (R Core Team, 2020). We used the modeled Ks (half-saturation
constant; the added concentration of NO3-N associated with half of the maximum
phytoplankton growth) as a N threshold. To determine if shifts in cyanobacteria or other
bacteria are related to the calculated N threshold, we grouped all communities in either an
above or below N threshold by wetland. The separation simplified the investigation of the
communities among the 17 treatments by utilizing the main finding of total
phytoplankton being sensitive to N and not necessarily P. We employed a suite of
multivariate statistics to evaluate the communities in each wetland in terms of the
calculated N threshold. First, we visualized communities in multidimensional space using
Principal Coordinates Analysis (PCoA) based on unweighted UniFrac (Lozupone &
Knight, 2005) with the ‘microbiome’ package in R (R Core Team, 2020). Bacterial
community differences were evaluated with a PERMANOVA using the package
‘phyloseq.’ Further, alpha-diversity as Shannon’s Entropy (Shannon, 1948), Pielou’s
Evenness (Pielou, 1966), Chao Richness (Chao, 1984) and the differential abundance was
determined using ANCOM (Mandal et al., 2015) via q2-composition in QIIME 2.
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Results
The Ogden Bay and Farmington Bay Waterfowl Management Area
impoundments were remarkably similar in terms of water chemistry and phytoplankton
biomass. Both had low ambient levels of N, with 0.02 mg of NO3-N found at each
location. In contrast, the P was very high at each site, with 0.15 mg/L of soluble reactive
phosphorus (SRP) at Ogden Bay and 0.24 mg/L SRP at Farmington Bay. Ogden Bay is
shallower than Farmington Bay with a depth of 31 cm compared to 45 cm. Still, both had
relatively clear water with Secchi depths at or near the impoundment depth (Table 4.1).
The impoundments at each site had nearly 100% cover of submerged aquatic vegetation,
which was primarily Stuckenia pectinata (sago pondweed). The molar ratio of total N:
total P was 14.3 at Ogden Bay and 7.4 at Farmington Bay and (Table 4.1). The
chlorophyll α was 1.97 and 1.98 µg/L at the Ogden and Farmington Bay sites,
respectively, showing oligotrophic conditions. The maximum levels of phytoplankton
biomass, measured as chlorophyll α, at the end of the incubation period was 18.4 µg/L at
Ogden Bay and 26.1 µg/L at Farmington Bay (data not shown).
The two-way ANOVA assessment of nutrient limitation showed that chlorophyll
a response depended on N addition (p < .001), but not P addition (p = .93; Table 4.3).
The interaction of N and P was not significant (p = .75). At both locations, the
background level of P was so high that we were unable to induce P limitation even with
the addition of 6 mg L-1 N as NO3 which is well above the ambient concentration of 0.02
mg L-1 found within the impoundments (Table 4.1). All treatments at both locations in the
P growth study that received high background N demonstrated high growth rate constants
(0.61 d-1 on average at Ogden Bay and 0.81 d-1 at Farmington Bay). However, those that
did not receive any N (Control [mg L-1]: 0.0 P, 0.0 N and High Control 0.24 P 0.0 N) had

103
an average growth rate constant near zero (at Ogden Bay and at Farmington Bay; Figure
4.1). In contrast, in the N study, the growth rate constant increased with increasing N at
both locations (Figure 4.2). The background level of P did not have an effect, which is
demonstrated by the high control sample ([mg L-1]: 0.00 P 3.00 N) having the same
growth rate constant as the high N treatment with P added ([mg L-1]: 0.60 P 3.00 N;
Figure 4.2).
The Monod model of phytoplankton growth rate constant compared to the amount
of added N was statistically significant at both locations (Figures 4.3 and 4.4). The half
saturation constants in the N growth study from the Monod model at Ogden and
Farmington Bay were 0.69 and 0.67 mg L-1, respectively (Table 4.4). The modeled
maximum growth rate (µmax) was 0.79 at Ogden Bay and 1.04 at Farmington Bay (Table
4.4). Comparison of the N added to the microcosms vs. the NO3-N concentration after
three days of incubation shows that the Farmington Bay phytoplankton communities
were able to assimilate more N than the Ogden Bay communities (Figure 4.5). The NO3N concentration increased at a lower level of N addition at Ogden Bay compared to
Farmington Bay. Overall, the results suggest that low nitrogen availability limits the
growth of phytoplankton during the springtime in the impoundments studied.
Bacterial communities were impacted by wetland location but insensitive to N
threshold. Based on the PCoA and PERMANOVA (Figure 4.6A, the bacterial
communities were unique within the wetlands (location, PERMANOVA, F = 14, p <
.001, R2 = 0.41, df = 1) with location separating along axis one explaining 45.9% of the
community variation. When the wetlands were examined individually (Figures 4.6B and
C), N threshold failed to distinguish the communities in Ogden Bay (N threshold,
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PERMANOVA, F = 0.87, p = .46, R2 = 0.08, df = 1) and Farmington Bay (N threshold,
PERMANOVA, F = 0.78, p = .64, R2 = 0.08, df = 1).
After communities reached the N threshold, bacterial evenness declined. Above
the N threshold in Farmington Bay, evenness declined by 0.01 (kruskal-wallis, H = 4.3, p
< .05, df = 1; Figure 4.7A). Above the N threshold in Ogden Bay, evenness declined
(kruskal-wallis, H = 5.5, p < .05; Figure 4.7A).
The cyanobacteria that contributed to chlorophyll α concentrations comprised at
least 40% and 28% of the bacterial community abundance in Farmington and Ogden Bay
respectively (Figure 4.8 CD). The family Cyanobiaceae dominated wetlands constituting
no less than 97% of the relative recovery or abundance of cyanobacteria taxa. Eight other
cyanobacteria families in Ogden and five other cyanobacteria families in Farmington
were present in the bioassay but in abundances less than 1%. Of the sixteen dominant
bacterial families (> 1% relative abundance) across wetlands, besides Cyanobiaceae, six
families were present in both wetlands: Comamonadaceae (Betaproteobacteria),
Sphingomonadaceae (Alphaproteobacteria), Microbacteriaceae (Actinobacteria),
Flavobacteriaceae (Bacteroidetes), Acetobacteriaceae (Alphaproteobacteria), and
Rhodobacteriaceae (Alphaproteobacteria). In Farmington Bay, the NS11-12 marine group
and the Cyclobacteriaceae (Bacteroidetes) were more abundant above than below the N
threshold (Figure 4.8D).

Discussion
Nutrient limitation and N threshold
Phosphorus has been shown to more often limit primary production within
wetlands than N in the conterminous United States (Hill et al., 2018), however N is still
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found as the most limiting nutrient within many lakes and wetlands (Elser et al., 2007).
For example, nutrient diffusing substrata in coastal wetlands of Lakes Michigan and
Huron showed that N was the most common limiting nutrient, and only 3% of the
substrates exhibited P limitation (Cooper et al., 2016). Donald and others (2011) also
found evidence of N limitation in lakes high in P, where N pollution resulted in increased
total algal abundance, eutrophication, and algal toxicity. We found strong evidence for N
limitation at our study locations. The ambient conditions present at each site had total
N:P ratios less than 16 (Table 4.1). In addition, the relative response ratio of chlorophyll
a showed approximately 4x more growth in the high N treatment over the control at
Ogden Bay and 9x more growth at Farmington Bay while there was no response in the
high P treatment over the control at either site. We suggest that efforts to control N loads
and potential water quality standards will be an important tool to protect these wetlands
from eutrophication.
The maximum specific growth rate constant (µmax) of a microorganism is
correlated to various traits including the number of ribosomal RNA operons
(Klappenbach, Dunbar, and Schmidt 2000) and codon usage bias (Viera-Silva and Rocha
2010) and is generally considered a hard-wired (constant, not plastic) trait. However, the
maximum specific growth rate constant (µmax) of a community of microorganisms (as is
found within aquatic ecosystems) can change over time due to shifts within the microbial
community structure (Veshareh & Nick, 2021). At our sites, the maximum modeled
growth rate constant at Ogden Bay was lower than Farmington Bay (0.79 vs. 1.04 d-1).
The difference is likely related in part, to the distinct bacterial communities at each
location. In addition, the water temperature at the beginning of the incubation was 3 °C

106
lower at Ogden Bay than Farmington Bay, which could play a role in lower growth
response since higher temperatures have been linked to higher maximum phytoplankton
growth rates (Eppley, 1972). However, the estimated maximum growth rate constant at
Ogden Bay at the same temperature as Farmington Bay was calculated to be 0.88 d-1
using the Q10 (1.51) model (Sherman et al., 2016), which is still below the Farmington
Bay value. In comparison, Xu and others (2015) found maximum growth rate constants
of 0.58 d-1 in their bioassay P study and 0.53 d-1 in their N study. In another similar
bioassay experiment at the Three Gorges Reservoir in China, maximum growth rate
constants of approximately 1.0 d-1 were found in the +N+P and +N+P+Si treatments after
one day of incubation, and the rates declined up to the fourth day of incubation (Huang et
al., 2020).
Bacterioplankton communities
The bacterial communities differed by location, however, at both sites the most
abundant family was Cyanobiaceae (Cyanobacteria). Cyanobiaceae are picocyanobacteria
and are generally numerous and ubiquitous in freshwater, brackish, and marine
environments (Angeler et al., 2005; Śliwińska-Wilczewska et al., 2018). Up to 50% of
the phytoplankton biomass in the ocean may be picocyanobacteria (Flombaum et al.,
2013). Picocyanobacteria have many adaptations that allow these species to dominate
niches inaccessible to other photoautotrophs. Because of their small size,
Cyanobiaceae have a high surface to volume ratio, which allows for rapid nutrient uptake
and growth (Suttle & Harrison, 1986). Consequently, picocyanobacteria usually favor
meso- and oligotrophic environments (Greisberger et al., 2008). Both of our study
locations had chlorophyll a concentrations <2 µg L-1 prior to our nutrient additions,
showing oligotrophic conditions in the water column (Carlson & Simpson, 1996). An
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inverse relationship exists between the proportion of picocyanobacteria and the nutrient
concentration of the water column (Farkas et al., 2020). Interestingly, Cyanobiaceae
remained highly dominant at both of our sites, even with increasing nutrient
concentrations.
At Ogden Bay, the most dominant families after Cyanobiaceae were the
Microbacteriaceae (Actinobacteria) and Rhodobacteraceae (Alphaproteobacteria).
Microbacteriaceae are gram-positive bacteria commonly found in various terrestrial and
aquatic ecosystems, often associated with soils and plants (Evtushenko & Takeuchi,
2006). Rhodobacteraceae are aquatic bacteria that frequently thrive in marine
environments. They are mostly photo-and chemoheterotrophs, but also include purple
non-sulfur bacteria performing photosynthesis in anoxic environments. Rhodobacteraceae
play a vital role in the biogeochemical cycling of sulfur (S) and carbon (C), and they have
symbiotic associations with a variety of aquatic micro- and macroorganisms (Pujalte et
al., 2014). The NS11-12 marine group (Bacteroidetes) and Cyclobacteriaceae
(Bacteroidetes) were the most dominant families besides Cyanobiaceae at Farmington
Bay. The NS11-12 marine group was found in low abundance in a large, European
shallow lake, Lake Balaton (Farkas et al., 2020). In addition, the group was positively
correlated with Cu concentrations in an urbanized marine coastal area in France (Coclet
et al., 2019). Finally, Cyclobacteriaceae can be found in a variety of environments,
including cold marine environments like Antarctica, as well as freshwater bodies, algal
mats, coastal waters and sediments, mangroves, haloalkaline soda lakes, hot springs, mud
volcanoes, and ikaite tufa columns (AnilKumar & Srinivas, 2014). Polysaccharides and
other macromolecules such as casein and lipids are known to be degraded by some of the
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species, and Cyclobacteriaceae also includes species with nitrate reducing activity that
typify waters that may experience anoxic conditions (Srinivas et al., 2014).
Long-term increases in nitrogen input affect the structure and function of
ecosystems, leading to eutrophication, changes in species composition, and ecosystem
decline (Bobbink et al., 2010; Bobbink & Lamers, 2002; Janssens et al., 2010; Liu et al.,
2016; Phoenix et al., 2012). A nitrogen deposition study in a coastal wetland
demonstrated that α-diversity of soil microorganisms decreased with increasing level of
N deposition. The high deposition of N (200 kg N ha-1 yr-1) as NH4NO3 increased the
nutrients in the soil, but reduced the soil microorganism diversity (Shannon and Simpson
indices), negatively impacting the coastal wetland ecosystem (Lu et al., 2021). We also
found differences in bacteria α-diversity between microcosms with NO3 concentrations
above and below our calculated N threshold. Community evenness was lower in
microcosms above the threshold. It is likely that the dominant taxa were better adapted to
capitalize on emerging resources, and the increase in N allowed their rise in dominance
and a resulting decline in bacterial evenness. However, we found no differences in
Shannon diversity and Chao richness were not different above and below the N threshold.
In an oligotroph-dominated wetland, Bledsoe and others (2020) found that N and P
fertilization increased the diversity of bacteria in soils. The authors note that nutrient
addition has a significant impact on the composition of the forb and grass rhizosphere,
which impacts the amount of complex carbon available for decomposition. They show
that long-term nutrient enrichment of oligotroph-dominated wetlands might have
unanticipated effects on the richness and metabolism of rhizosphere bacterial
communities.
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Conclusion
Bioassay growth assessments can help to provide scientifically defensible
numeric criteria. Our results support management efforts to minimize N as well as P
discharge to these wetlands. Specifically, this experiment supports a numeric criterion of
about 0.7 mg N L-1 (Table 4.4). Currently, no states have numeric nutrient criteria for
wetlands, except for the Everglades in Florida for total P (0.010 mg/L; FAC 62-302.400).
Waters of the State of Utah (does not include wetlands) are held to a nitrate standard of 4
mg/L N (for aquatic life; 10 mg/L for drinking water) and 0.05 mg/L total P (0.025 mg/L
total P for lakes and reservoirs; UAC R317-2). However, the EPA has published a
technical guidance manual for establishing nutrient criteria in wetlands which encourages
their development as numeric nutrient criteria can improve resource management and
support along with State and Federal biological assessments, Nonpoint Source Programs,
Watershed Implementation Plans, and in development of Total Maximum Daily Loads
(TMDLs) at local, State, and national levels (U.S. Environmental Protection Agency,
2008). If the limiting nutrient is kept to concentrations below the half saturation constant,
the phytoplankton community growth rate constant will be limited to half of its maximum
or lower, slowing the growth of phytoplankton blooms. The development of water quality
standards in submergent wetlands will be an important step to help to prevent regime
shift and promote macrophyte-dominant, diverse, and healthy aquatic habitats.
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Tables and Figures
Table 4.1. General characteristics and ambient conditions (± SE, n=3) at Ogden Bay
Waterfowl Management Area (OBWMA) and Farmington Bay Waterfowl Management
Area (FBWMA) wetland impoundments during the study period.
Ogden Bay

Farmington Bay

Experiment Location, WGS84

41.158284, -112.189074

40.9294247, -111.9421666

Local Unit Number

3

2

Surface Area, km2

1.02

1.36

Depth, cm

31

45

Secchi depth, cm

31

40

Vegetation type

Submerged aquatic

Submerged aquatic

Chlorophyll a, µg L-1

1.97 ± 0.35

1.98 ± 0.10

Specific conductance, mmhos cm-1

1.9

0.65

Temperature (incubation start), °C

20.6

23.3

NO3-N, mg L-1

0.02 ± 0.003

0.02 ± 0.007

NH4-N, mg L-1

0.05 ± 0.001

0.14 ± 0.001

Total N, mg L-1

1.87 ± 0.01

1.10 ± 0.03

PO4-P (SRP), mg L-1

0.15 ± 0.002

0.24 ± 0.004

Total P, mg L-1

0.29 ± 0.002

0.33 ± 0.007

N:P (molar ratio)

14.1 ± 0.13

7.37 ± 0.05

Dissolved Si, mg L-1

2.93 ± 0.05

6.81 ± 0.10
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Table 4.2. Description of treatments.
Treatment

PO4-P, mg L-1

NO3-N, mg L-1

Growth Curve

1

0.60

0.00

N

2

0.60

0.15

N

3

0.60

0.30

N

4

0.60

0.90

N

5

0.60

1.50

N

6

0.60

2.40

N

7

0.60

3.00

N

8

0.00

3.00

N Control

9

0.00

6.00

P

10

0.015

6.00

P

11

0.03

6.00

P

12

0.06

6.00

P

13

0.12

6.00

P

14

0.18

6.00

P

15

0.24

6.00

P

16

0.24

0.00

P Control

17

0.00

0.00

Control
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Table 4.3. Results of two-way ANOVA for N and P addition presence and phytoplankton
biomass.
Degrees of
F Value
p
Significance
Freedom
(DF)
N
1
173.58
2.6 x 10-11
***
P

1

0.008

.93

N:P

1

0.103

.75

Significance codes: 0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05
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Table 4.4. Summary of Monod model output for N added vs. growth rate constant at each
site.
Site

µmax,

SE,

P-value

Ks,

SE,

P-value

St Error

d-1

(µmax)

(µmax)

mg L-1

(Ks)

(Ks)

Regression,

d-1
Ogden

mg L-1

d-1

0.79

0.10

< .001

0.69

0.27

.018

0.11

Farmington 1.04

0.06

< .001

0.67

0.11

< .001

0.061
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Figure 4.15. The relationship between the amount of phosphorus added and the
phytoplankton growth rate constant at (A) Ogden Bay and (B) Farmington Bay.
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Figure 4.16. The relationship between the amount of nitrogen added and the
phytoplankton growth rate constant at (A) Ogden Bay and (B) Farmington Bay.
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Figure 4.17. Monod model fit of nitrogen added vs. growth rate constant at Farmington
Bay. The dotted line denotes the half saturation constant (Ks).
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Figure 4.18. Monod model fit of nitrogen added vs. growth rate constant at Ogden Bay.
The dotted line denotes the half saturation constant (Ks).
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Figure 4.5 The amount of added N at the beginning of the study compared to the
concentration of NO3-N after three days of incubation at Farmington Bay (circles) and
Ogden Bay (triangles).
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Figure 4.6. The location of the wetland determined bacterial communities. The
multivariate ordinations were generated using PCoA on a sample × ASV matrix of 16S
rDNA community libraries (99% similarity cut-off). The separation of communities
across both wetlands (A) and above and below the N threshold within a wetland (B,
Ogden Bay and C, Farmington Bay) is presented.
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Figure 4.7. Communities above the N threshold in Farmington Bay had reduced bacterial
richness and evenness. Evenness (Pielou), richness (Chao 1), and diversity (Shannon
Entropy) is displayed as boxplots (n=5-6) with different letters indicating significant
differences (p < .05) based on one-way ANOVA.

Relative Abundance of the Dominant Bacterial Families

Figure 4.8. The relative abundance of cyanobacteria and the dominant bacterial
families (contributing >1%) in Ogden Bay (A, C) and Farmington Bay (B, D) wetland
communities.

Relative Abundance of Cyanobacteria
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CHAPTER V. CONCLUSION
The wetlands surrounding the Great Salt Lake (GSL) provide many critical
ecosystem services such as biodiversity support (including essential habitat for over 200
species of migratory birds), flood abatement, carbon management, and water quality
improvement, with a high potential for the removal of nitrogen (N) and phosphorus (P).
Constructed public and private impounded wetlands have become particularly critical for
North American waterfowl populations because of losses of natural wetlands, and
managed impoundments provide food for a high density of waterfowl (North American
Waterfowl Management Plan Committee, 2012; Winton et al., 2016). The retention of N
and P by wetlands is particularly important because it protects downstream waters from
eutrophication (Cheng & Basu, 2017; Griffiths & Mitsch, 2017; Herbert et al., 2020). We
tested a method that would enable wetland impoundment managers to evaluate wetland
responses to nutrient pollution (N & P) while also experimentally determining the role of
environmental stressors like loss of submerged aquatic vegetation (SAV), increased
salinity, and reduced ambient nutrient concentrations in mediating those responses.
We measured the short-term (four hour) uptake of NO3 and PO4 as removal from
the water column after an addition of 0.1 mg/L N and P. Importantly, we found that after
four hours, nutrient concentrations returned to ambient levels, suggesting there is a good
amount of uptake occurring in the wetland impoundments. Similarly, Powers and others
(2013) found agricultural wetland impoundments to be a net sink for nitrate, ammonium,
and soluble reactive phosphorus during the warm season. In our study, no significant
differences were found between treatment groups, suggesting that the nutrient uptake
functioning in these wetlands is resistant to the effects of these stressors or that the
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method has too much variation and is unable to provide the resolution necessary to see
the difference in short-term nutrient removal as a result of these stressors. Estimates of
nutrient assimilation can also be estimated by comparing the total N and P concentrations
measured at the point where water enters the wetland and where water exits the wetland
impoundment. Significant reductions have been reported in assimilation wetlands in
Louisiana, showing reductions of total N by 86 to 89% (Day Jr et al., 2019). The removal
rate of N in natural wetlands has been shown to be between 1-100%, and the high
variability has been attributed to oxygen availability, hydraulic retention time, hydraulic
loading, and vegetation processes (Fisher & Acreman, 2004).
To further investigate the effect of wetland characteristics on nutrient uptake, we
did a site analysis of 18 managed wetland waterfowl impoundments along the GSL using
multimetric indices (MMIs). MMIs are a tool commonly used to make integrative
assessments of ecological integrity (Bolding et al., 2020; Schoolmaster Jr et al., 2012).
They take into account the biological, chemical, and physical properties of an ecosystem,
allowing wetland sites to be ranked according to condition (i.e., poor, fair, good).
Characteristics measured include water chemistry, condition of submerged aquatic
vegetation, surface algal mats, and the biomass/composition of phytoplankton,
zooplankton, and benthic invertebrates. We used the mesocosm method to estimate
nutrient uptake of N and P at each wetland and compared those to wetland characteristics
measured, to relate wetland function (nutrient removal) to measures of wetland structure
across environmental gradients. We hypothesized that sites identified as poor may have
impaired function in nutrient retention and that good quality sites would have high
nutrient retention. We found that N assimilation was inversely correlated with water
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depth and positively correlated with soil % clay and total iron. Phosphorus assimilation
was related to dissolved oxygen, aluminum, and N and P concentrations within the water
column and soil. Nutrient assimilation did not differ among wetland condition classes.
Research from the Cumberland Marsh Region in Canada has shown that
waterbird usage in wetland impoundments is high when they are newly created but
decreases over time through a process called wetland senescence (Loder et al., 2018). The
authors found that older impoundments had significantly lower nutrient levels (possibly
because of the absence of land-derived nutrients) and suggested that older impoundments
are no longer able to support high productivity as a result. However, we found the
impoundments we measured remained highly productive, despite that some had been
created a century ago. It is likely the high level of nutrients flowing into the wetlands has
enhanced their productivity. Mesocosms are useful for measuring nutrient uptake because
they provide an enclosed, controlled space where nutrient levels can be altered and
monitored. Our results suggest that abiotic variables including nutrient concentrations
within the water column and soil, dissolved oxygen, water depth, and soil texture should
be measured in addition to nutrient assimilation or removal.
Finally, a persistent problem in shallow waters around the globe is regime shift.
Regime shift is a change from an oligotrophic, clear water state that is dominated by
aquatic plants to a eutrophic, turbid state characterized by high phytoplankton biomass
(Hilt et al., 2017). Regime shifts occur when a certain nutrient (N or P) threshold is
passed. These threshold values are site specific and dependent on differences in
morphometry, water temperature, mixing regime, aquatic plants, and sediment
biogeochemistry (Carpenter & Lathrop, 2008). It is critical that the unique threshold
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values can be experimentally determined for the inundated wetlands surrounding the
GSL. We used a bioassay study to experimentally determine both N and P nutrient
thresholds, to inform appropriate standards that should be kept in order to maintain or
restore wetland quality (Xu et al., 2015).
We found significant evidence of N limitation within the wetland impoundments
at both locations. In fact, the background levels of P were so high that the addition of 6
mg N/L did not induce P limitation, and we were unable to induce a phytoplankton
growth response to P additions. We modeled the growth response to N with a Monod
curve (Monod, 1950). The half-saturation constant (Ks) is the concentration of N where
the phytoplankton growth is at half of the modeled maximum. We suggest that keeping N
concentration below the Ks will keep phytoplankton growth at a controlled rate. The
bacterioplankton community was assessed using cultivation-independent 16SrRNA
sequencing. At both locations we found that phytoplankton growth was N limited, and
the half-saturation constant identified by the growth models was 0.7 mg N L-1.
Picocyanobacteria was the most abundant bacteria at both sites, and we saw a decrease in
bacterioplankton evenness in treatments above 0.7 mg N L-1. Our results support
management efforts to minimize N as well as P discharge to these wetlands. The
development of water quality standards in impounded wetlands will help to prevent
regime shift and promote macrophyte-dominant, diverse, and healthy aquatic habitats.
Implications for restoration
Wetland conditions that enhance nitrogen removal and phosphorus uptake are not
exactly the same, so to maximize the ability of each would require multiple wetlands in
sequence. Nitrogen is primarily removed from wetlands through denitrification, and,
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when nitrification and denitrification are coupled, the process is especially effective.
Wetlands with shallow water provide the conditions where coupled denitrification can
occur (Zedler & Kercher, 2005). Furthermore, shallow depth, a vast surface area, and a
complex shoreline have all been found to promote considerable nitrogen retention
(Hansson et al., 2005). Wetlands with large catchment areas draining to them (high
catchment to wetland ratio) have also been shown to have enhanced nitrogen removal
(Hoffmann et al., 2011).
One limitation to nitrogen removal through denitrification is the process is carried
out by heterotrophic bacteria which require organic carbon (C) as an energy source.
When restoring wetlands with the hope that denitrification will occur, it is important to
take into account that degraded wetlands and terrestrial soils are usually carbon poor, and
it potentially takes a century to build up carbon stores similar to natural wetlands
(Langman & Craft, 2018). Sutton-Grier and others added compost to wetland restoration
sites and found that total microbial biomass and microbial activity (measured as
denitrification potential) increased, so this may be a valuable strategy (Sutton-Grier et al.,
2009).
Because P rapidly clings to soil particles, trapping sediment-rich water and
holding it long enough for soil particles to settle out is the best technique for removing P
(Zedler & Kercher, 2005). Small, deep wetlands are most efficient in phosphorus
retention (Hansson et al., 2005). A systematic review of 93 peer-reviewed articles shows
that Total P removal rate is inversely correlated with wetland area, with wetlands smaller
than 2 x 104 m2 having the highest removal rates (Land et al., 2016). In addition to depth,
sink functions are enhanced by long residence times. Kinetically-limited reactions like P
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sorption into minerals are facilitated by intermittent or slow inflows (Cohen et al., 2016).
Other factors that influence P retention include P load, redox conditions, and freeze/thaw
cycles or climate (Land et al., 2016). Wetlands with a hydraulic regime dominated by
precipitation have lower P removal efficiency than wetlands with more steady inflows
(Land et al., 2016). Redox conditions favoring the reduction of iron promotes the release
of P previously bound to iron oxides until the soil concentration reaches equilibrium with
the water, a process that can years to decades (Aldous et al., 2007; Zak et al., 2010).
Finally, long-term monitoring of restored wetlands is required because P erosion
and release processes might act as a new P source for a short or long length of time,
masking the long term P retention outcome of wetland restoration (Hoffmann et al.,
2011). For example, in a study of N and P retention in eight former cropland restored
wetlands in Denmark, all wetlands removed total N while some wetlands acting as a
source for P and some as a sink after one year of monitoring (Audet et al., 2020). So far,
the long-term functioning of wetlands (>20 years) in nutrient removal has been poorly
investigated, and there is a need for more research on the effects of seasonality and P
speciation as the majority of studies have focused on total concentrations only (Land et
al., 2016).
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Juliette Stryker

2015

Logan Williams

2015-2016

Jordan Rosell

2014-2016
2015

William
Richardson
Melissa Chelak

2014-2015

Jenna Baker

2014-2015
2013-2014

Andrea Rane
John Albright

2017
2017
2017

Environmental Science

Ph.D. at University of
Alberta
M.S. Student at Tufts
University
Entrepreneur
Undergraduate at BYU
Undergraduate at BYU
Ph.D. Student at
Purdue
ESL Teacher

Environmental Science
Wildlife and Wildlands
Conservation
Environmental Science

Environmental Science
Environmental Science
Environmental Science
Wildlife and Wildlands
Conservation
Wildlife and Wildlands
Conservation
Wildlife and Wildlands
Conservation
Environmental Science
Wildlife and Wildlands
Conservation
Wildlife and Wildlands
Conservation
Wildlife and Wildlands
Conservation
Environmental Science

Undergraduate at BYU
Ph.D. Student at
Virginia Tech
M.S. Student at BYU
USDA Soils Specialist
Laboratory Technician
Ph.D. Student at
Missouri
Undergraduate at BYU
Law School at BYU
Recent M.S. graduate
Freelance writer

Environmental health
and safety coordinator
Range Specialist at
BLM
Ph.D. Student at UNReno
Ph.D. Student at USU

Content Specialist at
Ancestry
Anthropology
Graduate student
Landscape Management Landscape professional
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2013-2015

Jacob Selman

Environmental Science

2013
2013-2015
2013

Jackie Fuller
Marta Sion
Emily Gervais

Environmental Science
Public Health
Environmental Science

2012-2015

Staci Williams

Environmental Science

Developer at Make a
Wish
Stay at home parent
Healthcare professional
Adjunct Faculty at
BYU Idaho
Stay at home parent

Professional Affiliations and Committees
Ecological Society of America
2020–Present
Society for Freshwater Science
2019–Present
North American Proficiency Testing (NAPT) Program Oversight Committee
2016–Present
Soil Science Society of America
2011–Present
American Society of Agronomy
2011–Present
Crop Science Society of America
2011–Present

Scholarships and Awards
National Science Foundation, Postdoctoral Research Fellowship in Biology ($138,000),
2022-2023
Distinguished Service Award, Brigham Young University, 2021
Graduate Student Teacher of the Year, Utah State University Biology Department, 2019
Society for Freshwater Science Graduate Student Conservation Research Award
($1,000), 2019
Utah State University Ecology Center Research Grant ($5,000), 2019
Matt Del Grosso Endowed Graduate Research Award ($1,000), 2019
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Claude E. Zobell Scholarship ($1,000), 2019
James A. and Patricia A. MacMahon Endowed Ecology Graduate Student Scholarship
Recipient ($1,000), 2018
Joseph E. Greaves Scholarship Recipient ($3,780), 2017
Outstanding Undergraduate Senior in Agronomy, Crop, Soil, and Environmental
Sciences, 2012
Citizenship and Outreach
Utah Chapter of the American Society of Landscape Architects Annual Meeting,
Presenter – 2019
Instructed landscape professionals on understanding important soil
characteristics and interpreting soil test reports to improve soil quality.
Graduate Student Mentor, Native American Student Mentorship Program – 2018
Native American students from the USU-Blanding campus participated in my field
work by taking pH, salinity, and temperature measurements as well as filtering
water samples.
Participation in Utah Division of Water Quality Conservation Action Planning workshops
for Great Salt Lake Wetlands Water Quality Standards – 2018 and 2019
Nontraditional Career Summit, Presenter – 2018
Utah Canyons School district event for eighth grade girls that highlights women
working in nontraditional careers.
ECO Challenge Career Day, Presenter – 2017
Career day for high school students that focuses on careers in the environmental
sector. I presented about my job as an environmental lab manager and how it is
related to environmental health and sustainability.

